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Abstract 
 
In recent years there has been growing environmental concern regarding ‘microplastics’: 
microscopic plastic granules, fibres and fragments, categorised as <1 or <5 mm diameter. 
Microplastics are manufactured to be of a microscopic size, or derive from the photo- and 
mechanical degradation and subsequent fragmentation of larger plastic litter. Microplastics debris 
has been identified in the water column and sediments of marine and freshwater ecosystems across 
the globe, although difficulties in sampling and isolating smaller particulates has resulted in the 
abundance of <333 µm microplastics being under-reported. Microplastics are bioavailable to a range 
of aquatic organisms, including fish, seabirds and benthic invertebrates, and can be trophically 
transferred. The consumption of plastic debris can result in gut blockages, heightened immune 
response and a loss of lipid reserves. The potential risk to food security, and thereby human health, 
has led regulators to call for better understanding of the fate and effects of microplastic debris on 
marine life. Here I tested the hypothesis that microplastics can be ingested by and may negatively 
impact upon zooplankton. Zooplankton encompass a range of aquatic animals that form a key 
trophic link between primary producers and the rest of the marine food web. I used a suite of 
feeding experiments, bio-imaging techniques and ecotoxicological studies to explore the interactions 
and impacts of polystyrene microplastics on marine zooplankton. My results demonstrate that a 
range of filter-feeding zooplankton taxa, including copepods and bivalve and decapod larvae, have 
the capacity to ingest microplastics. Microplastics significantly reduced algal feeding in the copepods 
Centropages typicus and Calanus helgolandicus. With prolonged microplastic exposure C. 
helgolandicus produced smaller eggs with reduced hatching success, and had reduced survival owing 
to declining energetic reserves. Microplastics egested by copepods significantly altered the 
properties and sinking rates of faecal pellets, with potential repercussions for marine nutrient flux. 
This investigative work highlights that microplastics pose a significant risk to the health of animals at 
the base of the marine food web.  
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Introduction 
 
Aquatic environments are exposed to a wide range of anthropogenic pollutants, including 
radionuclides, nanoparticles, sewage, endocrine disruptors, hydrophobic contaminants and plastic 
debris. Plastic debris is a widespread contaminant of both freshwater and marine ecosystems, where 
it can accumulate over time and pose a risk to the health of aquatic organisms (Barnes et al., 2009; 
Derraik, 2002). Over the past sixty years there has been a rapid growth in plastic production, and in 
2012 over 288 million tonnes of plastic was produced globally (PlasticsEurope, 2013). Plastic is an 
inexpensive, durable and pliable material with countless applications that hold a societal benefit 
(Andrady and Neal, 2009); however, plastic is increasingly used to manufacture single-use, 
throwaway products such as food packaging and drinks bottles, or to replace natural materials 
traditionally used in fishing gear, fabrics, and as exfoliates in personal care products (Browne et al., 
2011; Zitko and Hanlon, 1991). Indiscriminate or improper waste disposal, coastal recreation, fishing 
and the release of wastewater effluent can all contribute to plastic entering the marine 
environment, where it can take decades, if not centuries, to mineralise (Sivan, 2011).  
 
In recent years there has been growing attention paid to ‘microplastics’: microscopic plastic beads, 
fragments and fibres <1 or <5 µm in diameter (Andrady, 2011; Thompson et al., 2004). Microplastics 
derive from the photo- or mechanical degradation, abrasion and subsequent fragmentation of 
plastic litter, or are manufactured to be of a microscopic size. Microplastic debris has been identified 
in aquatic ecosystems across the globe. Typically, microplastics are sampled using neuston nets or 
sediment grabs (Hidalgo-Ruz et al., 2012); however, there are currently no routine sampling 
strategies for isolating and identifying microplastics <333 µm in size. Low-density microplastics (e.g. 
polystyrene, polypropylene, polyethylene) are typically found in the water column, while high-
density plastic (e.g. polyvinylchloride, polyamides) tend to settle out to the benthos, but storms, 
riverine inputs and bio-fouling of pelagic microplastic can contribute to the vertical mixing of these 
synthetic particulates (Browne et al., 2010; Lattin et al., 2004). Data obtained from field-studies 
indicate microplastics are widespread, albeit spatially heterogeneous, with the highest 
concentrations of plastic associated with urban coastlines, convergence zones and oceanic gyres 
(Doyle et al., 2011; Goldstein et al., 2013; Law et al., 2010; Morét-Ferguson et al., 2010). The highest 
reported waterborne concentration of microplastics, found in Swedish coastal waters, exceeds 
102,000 items m-3 (Norén, 2007), and in the North Pacific gyre the mass of small plastic debris can 
exceed that of plankton (Moore et al., 2001). 
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Microplastics can be ingested by a range of marine organisms, including fish (Boerger et al., 2010; 
Davison and Asch, 2011; Lusher et al., 2012), seabirds (van Franeker et al., 2011) and benthic 
invertebrates (Browne et al., 2008; Wright et al., 2013b). Furthermore, microscopic plastic can bio-
accumulate within the food chain, as demonstrated by the trophic transfer of microplastics between 
mussels and crabs (Farrell and Nelson, 2013), and fish and langoustine (Murray and Cowie, 2011). 
Current evidence indicates that the consumption of microplastics may result in gut blockages (van 
Franeker et al., 2011), translocation (Browne et al., 2008), heightened immunological response (von 
Moos et al., 2012) and depleting energetic reserves (Wright et al., 2013b). Microplastics may also 
pose a risk of toxicity: a range of additives are incorporated into plastics during their manufacture, 
and the large surface area to volume ratio and hydrophobic properties of microplastics have been 
shown to promote the adhesion and concentration of persistent organic pollutants (POPs) to the 
plastics’ surface (Bakir et al., 2012; Hirai et al., 2011; Rios et al., 2007). However, recent studies 
suggest that microplastics are unlikely to represent an additional route of POP exposure for animals 
living in polluted ecosystems, as the contaminant concentrations of tissues and microplastics will 
already be in equilibrium (Koelmans et al., 2014; Koelmans et al., 2013).   
 
In reviewing the existing literature, it is evident that the impact of microplastics on animals at the 
base of the marine food web is under-researched (Cole et al., 2011). Zooplankton encompass a 
range of free-floating heterotrophs, which play a major role in marine food webs and 
biogeochemical cycling. Of particular interest are pelagic copepods, which are the most abundant 
mesozooplankton by biomass within marine waters and are essential prey for the larvae of 
commercially important fish (Bonnet et al., 2005). Recent field-studies have highlighted that 
microplastics are prolific within surface waters where pelagic copepods feed (Moore et al., 2001). 
Further, planktonic feeding studies indicate that latex beads can be ingested by some copepod 
species (Donaghay and Small, 1979; Frost, 1972). However, the impacts that microplastic ingestion 
and exposure have on marine copepods and zooplankton, and subsequently the marine food web 
and nutrient cycling, are yet to be explored. 
 
Here, I investigate the impacts of microplastic debris on zooplankton. My thesis incorporates a 
comprehensive literature review, in which I analyse the sources, trends and impacts of microplastics 
and highlight gaps in the research. Subsequently, I present three laboratory-based experimental 
studies in which I test the hypotheses that: (1) zooplankton have the capacity to ingest microplastics; 
(2) microplastics can impact upon the properties and sinking rates of zooplankton faecal pellets; and 
(3) microplastics can affect the feeding, function and fecundity of the pelagic copepod Calanus 
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helgolandicus. I conclude with a method development study, optimised to isolate microplastic debris 
from biota-rich marine samples and zooplankton. The overarching results are incorporated into a 
conceptual model, and the contributions of my PhD research to the field of microplastics are 
discussed. 
 
Research aims 
The objectives of my PhD research are to: 
 
∙ provide an in-depth literature review on microplastic debris, including sources, sampling 
strategies, spatial and temporal trends and the impact of microplastics on aquatic life; 
 
∙ consider whether microplastics can be ingested by a range of marine zooplankton, including 
copepods and meroplankton, displaying differing feeding strategies; 
 
∙ explore the fate of microplastics egested by zooplankton, with particular focus on the 
implications for marine food webs and biogeochemical cycling; 
 
∙ investigate the impact of microplastics on the ingestion, reproduction and survival of the 
copepod Calanus helgolandicus; 
 
∙ develop and optimise a method appropriate for detecting bioavailable microplastics within 
biota-rich plankton trawls and/or ingested by marine copepods. 
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Chapter One: 
Microplastics as contaminants in the marine environment: A review 
 
Since the mass production of plastics began in the 1940s, microplastic contamination of the marine 
environment has been a growing problem. Here, a review of the literature has been conducted with 
the following objectives: (1) to summarise the properties, nomenclature and sources of microplastics; 
(2) to discuss the routes by which microplastics enter the marine environment; (3) to evaluate the 
methods by which microplastics are detected in the marine environment; (4) to assess spatial and 
temporal trends of microplastic abundance; and (5) to discuss the environmental impact of 
microplastics. Microplastics are both abundant and widespread within the marine environment, 
found in their highest concentrations along coastlines and within mid-ocean gyres. Ingestion of 
microplastics has been demonstrated in a range of marine organisms, a process which may facilitate 
the transfer of chemical additives or hydrophobic waterborne pollutants to biota. We conclude by 
highlighting key future research areas for scientists and policymakers. 
 
 
 
 
 
 
 
 
 
 
 
 
 
This chapter is a reformatted copy of my publication: M Cole, P Lindeque, C Halsband and T 
Galloway (2011). Microplastics as contaminants in the marine environment: A review. Marine 
Pollution Bulletin. 62 (12): 2588-2597. I conducted all of the literary research and was lead 
author on this review; PL, CH and TG guided the development of the review, and provided 
comments and edits to help shape the final manuscript. 
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Introduction 
Plastics are synthetic organic polymers, which are derived from the polymerisation of monomers 
extracted from oil or gas (Derraik, 2002; Rios et al., 2007; Thompson et al., 2009b). Since the 
development of the first modern plastic, ‘Bakelite’, in 1907, a number of inexpensive manufacturing 
techniques have been optimised, resulting in the mass production of a plethora of lightweight, 
durable, inert and corrosion-resistant plastics (PlasticsEurope, 2010). These attributes have led to 
the extensive use of plastics in near-inexhaustible applications (Andrady, 2011). Since mass 
production began in the 1940s, the amount of plastic being manufactured has increased rapidly, 
with 230 million tonnes of plastic being produced globally in 2009 (PlasticsEurope, 2010), accounting 
for 8% of global oil production (Thompson et al., 2009b).  
 
Whilst the societal benefits of plastic are far-reaching (Andrady and Neal, 2009), this valuable 
commodity has been the subject of increasing environmental concern. Primarily, the durability of 
plastic that makes it such an attractive material to use also makes it highly resistant to degradation, 
thus disposing of plastic waste is problematic (Barnes et al., 2009; Sivan, 2011). Exacerbated by the 
copious use of throw-away ‘user’ plastics (e.g. packaging material), the proportion of plastic 
contributing to municipal waste constitutes 10% of waste generated worldwide (Barnes et al., 2009). 
While some plastic waste is recycled, the majority ends up in landfill where it may take centuries for 
such material to break down and decompose (Barnes et al., 2009; Moore, 2008). Of particular 
concern are plastics that, through indiscriminate disposal, are entering the marine environment 
(Gregory, 2009). Despite plastics being an internationally recognised pollutant with legislation in 
place aimed to curb the amount of plastic debris entering the marine environment (Gregory, 2009; 
Lozano and Mouat, 2009), Thompson (2006) estimates up to 10% of plastics produced end up in the 
oceans, where they may persist and accumulate.  
 
The impact that large plastic debris, known as ‘macroplastics’, can have on the marine environment 
has long been the subject of environmental research. The presence of macroplastics in the marine 
environment presents an aesthetic issue, with economic repercussions for the tourist industry; a 
hazard for numerous marine-industries (e.g. shipping, fishing, energy production, aquaculture), as 
plastic may result in entanglement and damage of equipment; and significant environmental 
concerns (Barnes et al., 2009; Derraik, 2002; Sivan, 2011). The environmental impacts of 
macroplastics include: the injury and death of marine birds, mammals, fish and reptiles resulting 
from plastic entanglement and ingestion (Derraik, 2002; Gregory, 2009; Lozano and Mouat, 2009); 
the transport of non-native marine species (e.g. bryozoans) to new habitats on floating plastic debris 
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(Barnes, 2002; Derraik, 2002; Winston, 1982); and the smothering of the seabed, preventing gas-
exchange and creating artificial hard-grounds, resulting from sinking plastic debris (Gregory, 2009; 
Moore, 2008).  
  
In recent years there has been increasing environmental concern about ‘microplastics’: tiny plastic 
granules used as scrubbers in cosmetics and air-blasting, and small plastic fragments derived from 
the breakdown of macroplastics (Derraik, 2002; Ryan et al., 2009; Thompson et al., 2004). The 
presence of small plastic fragments in the open ocean was first highlighted in the 1970s (Carpenter 
and Smith, 1972), and a renewed scientific interest in microplastics over the past decade has 
revealed that these contaminants are widespread and ubiquitous within the marine environment, 
with the potential to cause harm to biota (Rands et al., 2010; Sutherland et al., 2010). Owing to their 
small size, microplastics are considered bioavailable to organisms throughout the food web. Their 
composition and relatively large surface area make them prone to adhering waterborne organic 
pollutants and to the leaching of plasticisers that are considered toxic. Ingestion of microplastics 
may therefore be introducing toxins to the base of the food chain, from where there is potential for 
bioaccumulation (Teuten et al., 2009).  
 
The objectives of this review are to: (1) summarise the properties, nomenclature and sources of 
microplastics; (2) discuss the routes by which microplastics enter the marine environment; (3) 
evaluate the methods by which microplastics are detected in the marine environment; (4) ascertain 
spatial and temporal trends of microplastic abundance; and (5) determine the environmental impact 
of microplastics.  
 
Microplastics 
Whilst macroplastic debris has been the focus of environmental concern for some time, it is only 
since the turn of the century that tiny plastic fragments, fibres and granules, collectively termed 
‘microplastics’, have been considered a pollutant in their own right (Ryan et al., 2009; Thompson et 
al., 2004). Microplastics have been attributed with numerous size-ranges, varying from study to 
study, with diameters of <10 mm (Graham and Thompson, 2009), <5 mm (Barnes et al., 2009; Betts, 
2008), 2–6 mm (Derraik, 2002), <2 mm (Ryan et al., 2009) and <1 mm (Browne et al., 2007; Browne 
et al., 2010; Claessens et al., 2011). This inconsistency is particularly problematic when comparing 
data referring to microplastics, making it increasingly important to create a scientific standard 
(Claessens et al., 2011; Costa et al., 2010). Recently, Andrady (2011) has suggested adding the term 
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‘mesoplastics’ to scientific nomenclature to differentiate between small plastics visible to the human 
eye and those only discernible with use of microscopy. 
 
Primary microplastics 
Plastics that are manufactured to be of a microscopic size are defined as primary microplastics. 
These plastics are typically used in facial cleansers and cosmetics (Zitko and Hanlon, 1991), or as air-
blasting media (Gregory, 1996), whilst their use in medicine as vectors for drugs is increasingly 
reported (Patel et al., 2009). Under the broader size definitions of a microplastic, virgin plastic 
production pellets (typically 2–5 mm in diameter) can also be considered as primary microplastics, 
although their inclusion within this category has been criticised (Andrady, 2011; Costa et al., 2010).  
 
Microplastic ‘scrubbers’, used in exfoliating hand cleansers and facial scrubs, have replaced 
traditionally used natural ingredients, including ground almonds, oatmeal and pumice (Derraik, 
2002; Fendall and Sewell, 2009). Since the patenting of microplastic scrubbers within cosmetics in 
the 1980s, the use of exfoliating cleansers containing plastics has risen dramatically (Fendall and 
Sewell, 2009; Zitko and Hanlon, 1991). Typically marketed as ‘micro-beads’ or ‘micro-exfoliates’, 
these plastics can vary in shape, size and composition depending on the product (Fendall and Sewell, 
2009). For example, Gregory (1996) reported the presence of polyethylene and polypropylene 
granules (<5 mm) and polystyrene spheres (<2 mm) in one cosmetic product. More recently, Fendall 
and Sewell (2009) reported an abundance of irregularly shaped microplastics, typically <0.5 mm in 
diameter with a mode size <0.1 mm, in another cosmetic product.  
 
Primary microplastics have also been produced for use in air-blasting technology (Derraik, 2002; 
Gregory, 1996). This process involves blasting acrylic, melamine or polyester microplastic scrubbers 
at machinery, engines and boat hulls to remove rust and paint (Browne et al., 2007; Derraik, 2002; 
Gregory, 1996). As these scrubbers are used repeatedly until they diminish in size and their cutting 
power is lost, they will often become contaminated with heavy metals (e.g. Cadmium, Chromium, 
Lead) (Derraik, 2002; Gregory, 1996).  
 
Secondary microplastics 
Secondary microplastics describe tiny plastic fragments derived from the breakdown of larger plastic 
debris, both at sea and on land (Ryan et al., 2009; Thompson et al., 2004). Over time a culmination 
of physical, biological and chemical processes can reduce the structural integrity of plastic debris, 
resulting in fragmentation (Browne et al., 2007).  
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Over prolonged periods, exposure to sunlight can result in photo-degradation of plastics; ultraviolet 
(UV) radiation in sunlight causes oxidation of the polymer matrix, leading to bond cleavage 
(Andrady, 2011; Barnes et al., 2009; Browne et al., 2007; Moore, 2008; Rios et al., 2007). Such 
degradation may result in additives, designed to enhance durability and corrosion resistance, 
leaching out of the plastics (Talsness et al., 2009). The cold, haline conditions of the marine 
environment are likely to prohibit this photo-oxidation; plastic debris on beaches, however, have 
high oxygen availability and direct exposure to sunlight so will degrade rapidly, in time turning 
brittle, forming cracks and ‘yellowing’ (Andrady, 2011; Barnes et al., 2009; Moore, 2008). With a loss 
of structural integrity, these plastics are increasingly susceptible to fragmentation resulting from 
abrasion, wave-action and turbulence (Barnes et al., 2009; Browne et al., 2007). This process is 
ongoing, with fragments becoming smaller over time until they become microplastic in size (Fendall 
and Sewell, 2009; Rios et al., 2007; Ryan et al., 2009). It is considered that microplastics might 
further degrade to be nanoplastic in size, although the smallest microparticle reportedly detected in 
the oceans at present is 1.6 µm in diameter (Galgani et al., 2010). The presence of nanoplastics in 
the marine environment is likely to be of increasing significance in the years to come, and 
researchers, including Andrady (2011), have already begun to speculate on the impact that such a 
pollutant might have on the base of the marine food web.  
 
The development of biodegradable plastics is often seen as a viable replacement for traditional 
plastics. However, they too may be a source of microplastics (Thompson et al., 2004). Biodegradable 
plastics are typically composites of synthetic polymers and starch, vegetable oils or specialist 
chemicals (e.g. TDPA) designed to accelerate degradation times (Derraik, 2002; O'Brine and 
Thompson, 2010; Ryan et al., 2009; Thompson et al., 2004) that, if disposed of appropriately, will 
decompose in industrial composting plants under hot, humid and well-aerated conditions (Moore, 
2008; Thompson, 2006). However, this decomposition is only partial: whilst the starch components 
of the bio-plastic will decompose, an abundance of synthetic polymers will be left behind (Andrady, 
2011; Roy et al., 2011; Thompson et al., 2004). In the relatively cold marine environment, in the 
absence of terrestrial microbes, decomposition times of even the degradable components of bio-
plastics will be prolonged, increasing the probability of the plastic being fouled and subsequently 
reducing UV permeation on which the degradation process relies (Andrady, 2011; Moore, 2008; 
O'Brine and Thompson, 2010). Once decomposition does finally occur, microplastics will be released 
into the marine environment (Roy et al., 2011). 
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Sources and transfer of microplastics into the marine environment 
Marine litter results from the indiscriminate disposal of waste items that are either directly or 
indirectly transferred to our seas and oceans (Lozano and Mouat, 2009; Ryan et al., 2009). In this 
section we look at several sources of plastic litter and discuss both direct and indirect routes by 
which plastic can enter the marine environment. Whilst the emphasis of this review is on 
microplastics, in this section we also consider the indiscriminate disposal of macroplastics, as, with 
time, they have the potential to degrade into secondary microplastics.  
 
Plastic litter with a terrestrial source contributes 80% of the plastics found in marine litter 
(Andrady, 2011). Such plastics include primary microplastics used in cosmetics and air-blasting, 
improperly disposed ‘user’ plastics and plastic leachates from refuse sites. With approximately half 
the world’s population residing within fifty miles of the coast, these kinds of plastic have a high 
potential to enter the marine environment via rivers and wastewater-systems, or by being blown 
offshore (Moore, 2008; Thompson, 2006). Microplastics used both in cosmetics and as air-blasting 
media can enter waterways via domestic or industrial drainage systems (Derraik, 2002); whilst 
waste-water treatment plants will trap macroplastics and some small plastic debris within oxidation 
ponds or sewage sludge, a large proportion of microplastics will pass through such filtration systems 
(Browne et al., 2007; Fendall and Sewell, 2009; Gregory, 1996). Plastics that enter river systems –
directly or within waste-water effluent or in refuse site leachates – will then be transported out to 
sea. A number of studies have shown how the high unidirectional flow of freshwater systems drives 
the movement of plastic debris into the oceans (Browne et al., 2010; Moore et al., 2002). Using 
water samples from two Los Angeles (California, USA) rivers collected in 2004–2005, Moore (2008) 
quantified the amount of plastic fragments present that were <5 mm in diameter. Extrapolating the 
resultant data revealed that these two rivers alone would release over 2 billion plastic particles into 
the marine environment over a three-day period. Extreme weather, such as flash flooding or 
hurricanes, can exacerbate this transfer of terrestrial debris from land to sea (Barnes et al., 2009; 
Thompson et al., 2005). Work conducted by Moore et al. (2002) showed neustonic litter (small, 
surface plastic debris) <4.75 mm in diameter in Californian waters near the mouth of a modified Los 
Angeles stormwater conveyance system increased from 10 plastic items m-3 to 60 plastic items m-3 
following a storm. The work further showed how increased water volume in the river due to the 
recent storm resulted in litter being deposited at even greater distances from the river mouth. 
Similarly, in a study by Lattin et al. (2004), microplastic concentrations 0.8 km off the southern 
Californian coast jumped from an average <1 item m-3 to 18 items m-3 following a storm.  
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Coastal tourism, recreational and commercial fishing, marine vessels and marine-industries (e.g. 
aquaculture, oil-rigs) are all sources of plastic that can directly enter the marine environment, posing 
a risk to biota both as macroplastics, and as secondary microplastics following long-term 
degradation. Tourism and recreational activities account for an array of plastics being discarded 
along beaches and coastal resorts (Derraik, 2002), although it is worth noting that marine debris 
observed on beaches will also arise from beaching of materials carried on in-shore and ocean 
currents (Thompson, 2006). Fishing gear is one of the most commonly noted plastic debris items 
with a marine source (Andrady, 2011). Discarded or lost fishing gear, including plastic monofilament 
line and nylon netting, is typically neutrally buoyant and can therefore drift at variable depths within 
the oceans. This is particularly problematic due to its inherent capacity for causing entanglement of 
marine biota, known as ‘ghost fishing’ (Lozano and Mouat, 2009). Historically, marine vessels have 
been a significant contributor to marine litter, with estimates indicating that during the 1970s the 
global commercial fishing fleet dumped over 23,000 tons of plastic packaging materials (Pruter, 
1987). In 1988, an international agreement (MARPOL 73/78 Annex V) was implemented banning 
marine vessels from disposing of plastic waste at sea; however, it is widely considered that a lack of 
enforcement and education has resulted in shipping remaining a dominant source of plastic in the 
marine environment (Derraik, 2002; Lozano and Mouat, 2009), contributing an estimated 6.5 million 
tons of plastic to the oceans in the early 1990s (Derraik, 2002).  
 
Another notable source of plastic debris stems from the manufacture of plastic products that use 
granules and small resin pellets, known as ‘nibs’ or ‘nurdles’, as their raw material (Ivar do Sul et al., 
2009; Mato et al., 2001; Pruter, 1987). In the US alone, production rose from 2.9 million pellets in 
1960 to 21.7 million pellets by 1987 (Pruter, 1987). Through accidental spillage during transport, 
both on land and at sea, inappropriate use as packing materials and direct outflow from processing 
plants, these raw materials can enter aquatic ecosystems. In an assessment of Swedish waters using 
an 80 μm mesh, KIMO Sweden found typical microplastic concentrations of 150–2,400 microplastics 
m-3, but in a harbour adjacent to a plastic production facility the concentration was 102,000 m-3 
(Lozano and Mouat, 2009). However, resin pellets are by no means localised: they have been 
identified in marine systems worldwide, including mid-ocean islands with no local plastic production 
facilities (Ivar do Sul et al., 2009; Pruter, 1987). Concentrations of these pellets can also be highly 
variable: studies conducted in the 1970s and 1980s revealed pellet concentrations of 18 km-2 off the 
New Zealand coast, but 3,500 km-2 in the Sargasso Sea (Pruter, 1987). In 1991, under the auspices of 
the US Environmental Protection Agency, many American plastic manufacturers voluntarily 
committed to preventing or recapturing spilled pellets, an agreement that may explain significant 
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decreases in quantities of resin pellets identified in the North Atlantic between 1986 and 2008 (Law 
et al., 2010). More recently, Operation Cleansweep (www.opcleansweep.org), a joint initiative of the 
American Chemistry Council and Society of the Plastics Industry, is aiming for industries to commit to 
zero pellet loss during their operations.  
 
Assessing microplastic abundance 
Within the marine environment, plastic is widely considered the primary constituent of ‘marine 
debris’, a category that includes both anthropogenic litter (e.g. glass, metal, wood), and naturally 
occurring flotsam (e.g. vegetation, pumice) (Barnes et al., 2009; Moore, 2008; Ryan et al., 2009; 
Thompson et al., 2004). However, small plastic debris (<0.5 mm in diameter) is considered a widely 
under-researched component of marine debris (Doyle et al., 2011) due to the difficulties in assessing 
the abundance, density and distribution of this contaminant within the marine environment. 
Quantifying the input of plastics into the marine environment is precluded by the array of pathways 
by which plastics may enter the oceans and would require accurate timescales of the length at which 
plastics remain at sea prior to degradation (Ryan et al., 2009). Meanwhile, quantifying debris that 
has already reached the marine environment is complicated by the vastness of the oceans compared 
to the size of the plastics being assessed. Spatial and temporal variability owing to oceanic currents 
and seasonal patterns further complicate this issue (Doyle et al., 2011; Ryan et al., 2009). 
Nevertheless, a suite of sampling techniques has been developed that allow the presence of small 
plastic debris to be determined. These include: (1) beach combing; (2) sediment sampling; (3) marine 
trawls; (4) marine observational surveys; and (5) biological sampling.  
 
Beach combing is considered the easiest of the available techniques to conduct, requiring little 
logistical planning and relatively low costs (MCS, 2010). Typically carried out by researchers and 
environmental awareness groups, this technique involves collecting and identifying all litter items, in 
a systematic approach, along a specified stretch of coastline. By repeating the beach combing 
process on a regular basis, accumulation of plastic debris can be monitored over time (Ryan et al., 
2009). This technique is particularly useful for determining the presence of macroplastics and plastic 
resin pellets, termed ‘Mermaid’s Tears’ by beach combers, but microplastics, especially those too 
small to be observed by the naked eye, are likely to go unnoticed using such a technique. 
Furthermore, as plastic debris along a coastline will consist of both litter left by recreational beach 
users and debris deposited by the sea, it must be considered that beach combing data represents a 
mix of terrestrial litter and marine debris, and therefore may not provide an accurate indicator of 
plastic debris in the marine environment itself (OSPAR, 2007).  
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Sediment sampling allows benthic material from beaches, estuaries and the seafloor to be assessed 
for the presence of microplastics (Claessens et al., 2011). To separate any plastics from the benthic 
material, saline water or mineral salts can be added to the sediment samples to increase water 
density, permitting lower-density microplastics to be separated via flotation. Visible, denser plastic 
fragments can be removed by hand under a microscope (Andrady, 2011; Thompson et al., 2004). A 
lipophilic dye (e.g. Nile Red) can then be used to stain the plastics to assist identification using a 
range of microscopy techniques (Andrady, 2011). Using Fourier-Transform Infrared Spectroscopy 
(FT-IR), items of interest can then be confirmed as plastic by comparing spectra of the samples with 
that of known polymers (Barnes et al., 2009; Thompson et al., 2004).  
 
Microplastics within the water column can be collected by conducting a trawl along a transect (i.e. 
manta trawls for sampling surface water, bongo nets for collecting mid-water levels and benthic 
trawls to assess the seabed) using fine meshes (Browne et al., 2010; Ryan et al., 2009; Thompson et 
al., 2004). The presence of microplastics can then be determined by examining the samples under a 
microscope, or allowing evaporation of the seawater and investigating the residue left behind 
(Andrady, 2011). Despite the heterogeneous nature of plastics within the ocean, sufficient transects 
and repeats allow for both spatial and temporal patterns in plastic abundance to be determined in a 
variety of marine ecosystems (Ryan et al., 2009). Typically, 330 µm aperture meshes have been used 
for many of the microplastic trawls documented in this review, but it is important to note that using 
meshes with different apertures can produce large variations in the quantity of microplastics 
collected: by utilising 80 μm meshes, KIMO Sweden found microplastics at 100,000 times higher 
concentrations than when using 450 μm meshes (Lozano and Mouat, 2009). In contrast, an Algalita 
Marine Research Foundation survey of the North Pacific central gyre conducted in 1999 identified 
9,470 plastic fragments with a 1 mm mesh, but decreasingly smaller quantities of finer-sized 
particles when using smaller-aperture meshes (4,646 microplastics with a 0.5 mm mesh, and just 
2,626 microplastics using a 0.3 mm mesh) (Moore, 2008). Long-term data from Continuous Plankton 
Recorders (CPRs) are of particular benefit to determining microplastic abundance in the open ocean. 
These are specialised units designed to constantly sample plankton within 280 µm silkscreen-meshes 
whilst being towed behind vessels along fixed routes (Thompson et al., 2004). Archived CPR samples 
held by the Sir Alastair Hardy Foundation for Ocean Science (SAHFOS) have helped evaluate the 
prevalence of microplastics in the Northwest Atlantic throughout the past fifty years. The 
importance of CPR data in assessing microplastic abundance has led SAHFOS to include the presence 
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of microplastics in their analysis of all future samples (Richardson et al., 2006; Thompson et al., 
2004).  
 
Marine observational surveys allow divers or observers on boats and in submersibles to record the 
size, type and location of visible plastic debris. While this technique is effective at detecting 
macroplastics over relatively large areas, microplastics will often go undetected and, as debris is not 
collected, the litter can undergo no further assessment (Pruter, 1987; Ryan et al., 2009). 
Furthermore, the subjective nature of observational work leaves such censuses open to bias (Ryan et 
al., 2009).  
 
Finally, biological sampling involves examining plastic fragments consumed by marine biota. A 
number of marine organisms can mistake plastic debris for prey (Blight and Burger, 1997; Tourinho 
et al., 2010; van Franeker et al., 2011). By dissecting beached marine animals, or by instigating 
regurgitation in some seabirds, their gut contents can be analysed for the presence of plastics, which 
can then be identified and quantified (van Franeker, 2010). The Fulmar has routinely been used to 
assess the abundance of plastic debris at sea for some time and the quantity of microplastics within 
the stomachs of Fulmars has now become one of the ecological quality assessment markers used by 
OSPAR to assess the concentration of plastic debris at sea (van Franeker et al., 2011). Whilst 
migration and movement of this ocean-foraging seabird precludes matching their plastic load with 
specific locales, regional differences and trends over time have become apparent (Blight and Burger, 
1997; Tourinho et al., 2010; van Franeker, 2010).  
 
Spatial and temporal trends of microplastics in the marine environment 
Plastic litter has permeated marine ecosystems across the globe (Derraik, 2002; Lozano and Mouat, 
2009; Ryan et al., 2009). Driven by ocean currents, winds, river outflow and drift (Barnes et al., 2009; 
Martinez et al., 2009; Ng and Obbard, 2006), plastic debris can be transported vast distances to 
remote, otherwise pristine locations, including mid-ocean islands (Ivar do Sul et al., 2009), the poles 
(Barnes et al., 2010) and the ocean depths (Lozano and Mouat, 2009). However, whilst plastic litter 
may be found throughout the marine environment, the distribution of this debris is heterogeneous 
(Martinez et al., 2009; Moore, 2008). In this section we discuss how microplastics accumulate along 
coastlines and within mid-ocean gyres, examine the variable position of microplastics within the 
water column and consider microplastic abundance over time.  
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Accumulation of microplastics 
Coastlines receive plastic litter from both terrestrial and marine sources; terrestrial sources of litter 
will typically dominate close to urban areas, sites of tourism and near river outflows, whilst marine 
debris will be deposited along shorelines when caught in near-shore currents (Ryan et al., 2009). 
Using sediment analysis, Thompson et al. (2004) have found microplastics consisting of nine 
different polymers in 23 of 30 estuarine, beach and sub-tidal sediment samples taken around 
Plymouth, UK, including microscopic fibres and fragments typically derived from clothing, packaging 
and rope. Further work showed that microplastics were present in beach sediments throughout the 
UK. Browne et al. (2010) used the same methodology to quantify microplastics in sediment 
throughout the Tamar estuary (Plymouth, UK), identifying 952 items in 30 sediment samples. An 
abundance of microplastics have also been found in productive coastal ecosystems off Alaska and 
California, where nutrient upwelling results in high densities of planktonic organisms (Doyle et al., 
2011). Using 505 µm meshes during surface plankton trawls for the National Oceanic and 
Atmospheric Administration (NOAA), Doyle et al. (2011) found an abundance of plastic fragments 
derived from the breakdown of larger plastic debris, in addition to plastic fibres and pellets, although 
concentrations were significantly lower than those found in the adjacent North Pacific gyre. The 
source of this plastic debris was unable to be verified; however, it was suggested that the high 
concentration of plastics in southern Californian waters during winter was linked to urban run-off 
from major conurbations, whilst a marine source was more likely during the summer months when 
currents altered. After conducting beach surveys throughout the remote mid-Atlantic archipelago of 
Fernando de Noronha, Ivar do Sul et al. (2009) identified plastic pre-production resin pellets on the 
windward beaches of the archipelago – yet no plastic-production facilities exist in the region. 
Therefore, it was hypothesised that they were brought to the remote location via trans-oceanic 
currents before being trapped in in-shore currents and washed ashore. Similarly, a survey of beaches 
on the island of Malta, in the Mediterranean Sea, found an abundance of disc- and cylindrical-
shaped plastic resin pellets (1.9–5.6 mm in diameter) on all beaches surveyed (Turner and Holmes, 
2011). The highest concentrations of pellets, in some cases in excess of 1,000 pellets m-2, were found 
along the high-tide mark; the majority of the pellets were yellow or brown in colour, caused by 
photo-oxidative damage indicative of their longevity within the marine environment. The presence 
of so many plastics on a shoreline can dramatically alter the physio–chemical properties of the beach 
sediment. In a recent study, vertical sediment cores were taken from beaches in Hawaii and 
analysed (Carson et al., 2011). The presence of plastic debris not only increased the permeability of 
the sediment, but also decreased its heat absorbance so that the sediment would reach lower 
maximal temperatures than sediment without plastics present. Such differences could affect marine 
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biota; for example, lower maximal temperatures might affect sex-determination in turtle eggs, and 
greater permeability will increase the probability of desiccation in sediment-dwelling organisms.  
 
Oceanographic modelling indicates a large proportion of floating debris reaching the ocean will 
accumulate in gyres – the centre of vast anti-cyclonic, sub-tropical ocean currents. Using satellite-
tracked ‘drifters’ placed throughout the South Pacific ocean, Martinez et al. (2009) mapped the 
average trajectories of ocean currents, drift and eddies over time; the team found that, whilst some 
trackers were caught in near-shore currents, the majority fed into the south Pacific gyre from where 
they could not easily escape (Law et al., 2010; Martinez et al., 2009). Lagrangian drifters have also 
been used in a more recent study, indicating a high proportion of floating marine debris will end up 
in ocean gyres (Maximenko et al., 2011). Data accumulated from over 6,000 plankton tows 
conducted between 1986 and 2008 in the North Atlantic Ocean and Caribbean Sea, found plastic in 
60% of the samples (Law et al., 2010). Mapping the plastic concentrations of each transect, Law et 
al. (2010) revealed distinct spatial patterns of plastic in these areas, with highest concentrations 
(83% of total plastic sampled) found in sub-tropical latitudes. The highest concentration was mapped 
to the North Atlantic gyre, with 20,328 (± 2,324) pieces km-2. Due to the concentrations of plastic 
found it was impossible to determine the sources of such debris, but use of trackers suggested much 
of the eastern seaboard of the US fed into the gyre, taking debris 60 days on average to reach the 
gyre sited over 1,000 km away. Even higher plastic concentrations have been recorded in the North 
Pacific gyre: conducting 11 transects using a 333 µm manta-trawl, Moore et al. (2001) identified 
plastics in the majority of their tows, with an average density of 334,271 plastic fragments km-2. Such 
work has led to significant media attention, with the North Pacific gyre being described as ‘plastic 
soup’ and coined as the ‘great Pacific garbage patch’ (Kaiser, 2010).  
 
Microplastics in the water column 
Plastics consist of many different polymers and, depending on their composition, density and shape, 
can be buoyant, neutrally buoyant or sink. As such, microplastics may be found throughout the 
water column. Low-density microplastics are predominantly found in the sea-surface microlayer, as 
documented by numerous studies presenting data from surface trawls (Derraik, 2002; Gregory, 
1996). However, there is evidence that their position in the water column can vary: in estuarine 
habitats, low-density plastics, such as polypropylene and polyethylene, will be submerged if they 
meet water fronts. Furthermore, there is growing evidence that the attachment of fouling organisms 
can cause buoyant microplastics to sink (Barnes et al., 2009; Browne et al., 2010; Derraik, 2002; 
Thompson et al., 2004). Plastic debris in the marine environment can rapidly accumulate microbial 
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biofilms, which further permit the colonisation of algae and invertebrates on the plastics’ surface, 
thus increasing the density of the particle (Andrady, 2011). The speed at which biofouling may occur 
was recently demonstrated using polyethylene plastic bags submerged in seawater (16.2 °C) in 
Plymouth harbour (UK); a biofilm was visible after just one week, and analysis showed a significant 
increase in microbial density over the three-week experiment (Lobelle and Cunliffe, 2011). Notably, 
the plastic became less buoyant over time, and by the end of the experiment the plastic moved 
away from the surface and appeared neutrally buoyant. When assessing plastic litter in the North 
Pacific gyre, Moore et al. (2001) randomly sampled debris for signs of fouling organisms. Only a small 
proportion (8.5%) of surface debris was colonised, and fouling decreased with particle size. 
However, at a depth of 10 m, a higher proportion of plastic debris was fouled with algae and 
diatoms. More recently, an analysis of microplastics (<1 mm) collected in surface tows from the 
western North Atlantic Ocean between 1991 and 2007 has shown evidence of fouling (Morét-
Ferguson et al., 2010). The study found low-density polymers (e.g. polypropylene and polyethylene) 
with higher densities than the same polymer found on beaches, concluding the increase in density 
resulted from biofouling at sea. Despite increases of plastic debris entering the marine environment 
throughout the last century, Law et al. (2010) found no significant change in microplastic abundance 
in the Northwest Atlantic over the past twenty years. To test whether new input of microplastics was 
compensated for by sedimentation of biofouled plastics to greater depths, they analysed material 
from sediment traps deployed at 500 to 3,200 m depths close to the north Atlantic gyre, but found 
no significant accumulation of plastic particles. The fate of fouled microplastics in gyres has now 
become a key research area for the 5 Gyres Project, in association with the Algalita Marine Research 
Foundation (AMRF) (Eriksen and Cummins, 2010).  
 
High-density microplastics, including polyvinylchloride, polyester and polyamide, are likely found in 
their largest quantities in the benthos. However, determining the magnitude of microplastic debris 
on the seafloor is hindered by cost and difficulties of sampling (Barnes et al., 2009). While ‘Fishing 
for Litter’ schemes, conducted in the Netherlands and Scotland, and submersible video-recordings 
can document the quantity of macroplastics present on the seafloor (Lozano and Mouat, 2009; 
Watters et al., 2010), microplastics will fall below the lower limits of detection of these sampling 
methods. Therefore, quantification of microplastics in the benthos relies on sediment-grabs and 
benthic trawls using fine meshes. A recent study has found some of the highest microplastic 
concentrations within sediment thus far. Microplastics, <1 mm in diameter, consisting of fibres, 
granules, pellets and films, were found in all beach, harbour and sub-littoral sediment samples taken 
off the Belgian coast (Claessens et al., 2011); the highest microplastic concentration (391 
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microplastics kg-1 of dry sediment) was found in a harbour sediment sample, probably due to the 
local anthropogenic activity, river run-off and trapping of sediments. It has been documented that 
high-density microplastics can be temporarily suspended within the water column in smaller 
numbers resulting from turbulence. High-density microplastics can remain in suspension when 
entering the sea through estuaries due to tidal fronts, high-flow rate or because of a large-surface 
area (Brown et al. 2010). Only when momentum is lost will these dense polymers inevitably sink 
(Barnes et al., 2009). Microplastics on the seabed may also be re-suspended resulting from 
turbulence: Lattin et al. (2004) quantified microplastic concentrations >333 µm at varying depths, 
0.8 km and 4.5 km off the southern Californian coast. At the off-shore site, microplastics were most 
abundant close to the seafloor (6 items m-3), but were redistributed throughout the water column 
after a storm. 
 
Temporal changes in microplastic abundance within the marine environment 
Since the 1940s, when the mass production of plastics began in earnest, the volume of plastic 
produced has risen rapidly. With legislation to curb the indiscriminate disposal of plastic waste 
emerging slowly, plastic debris entering the marine environment increased in parallel with rates of 
production during this time (Moore, 2008; Ryan, 2009; Barnes 2009). Continuous fragmentation of 
larger plastic debris and the rising popularity of ‘plastic scrubbers’ appears to have increased the 
volume of microplastic debris in the oceans, resulting in a decrease in the average size of plastic 
litter over time (Barnes et al., 2009). This was highlighted by Thompson et al. (2004), who 
demonstrated that microplastic concentrations in the 1980s and 1990s were significantly greater 
than those in the 1960s and 1970s in an analysis of CPR samples from the North Sea and Northwest 
Atlantic. Furthermore, incidence of plastic ingestion by Fulmars (ocean-foraging seabirds) washed 
ashore in the Netherlands increased from 91% to 98% between the 1980s and 2000, whilst the 
average consumption doubled from 15 to 30 plastic fragments per bird during this period (van 
Franeker et al., 2011). 
 
Concentration trends within the past decade are not overtly apparent, and there is some debate as 
to whether levels of plastic debris are still increasing or have stabilised. The study by Thompson et al. 
(2004) indicated minimal change in microplastic contamination between the 1980s and 1990s. 
Similarly, an evaluation of >6,100 surface trawls conducted throughout the Northwest Atlantic 
Ocean found no significant difference in microplastic abundance over a 22-year period (Law et al. 
2010). The average number of plastics debris items consumed by Fulmars, beached on the shores of 
the Netherlands, decreased slightly from the mid-1990s, but has remained relatively stable since the 
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turn of the century, currently averaging 26 plastic fragments per bird (van Franeker et al., 2011). In 
contrast, Claessens et al. (2011) found that microplastic concentrations have steadily increased over 
the past two decades. Analysis of sediment cores taken along the Belgian coast indicates 
microplastic pollution tripled from 55 microplastics kg-1 of dry sediment (1993–2000) to 156 
microplastics kg-1 of dry sediment (2005–2008), in line with global production rates. However, use of 
sediment cores is a new technique, and bio-turbation from tourism or sediment-dwelling biota 
might have affected this data. 
 
Any further conclusions are hampered by a lack of studies that have specifically considered trends of 
microplastic abundance over time. Furthermore, meta-studies are difficult to develop due to 
varieties of sampling methodologies, huge spatial variations in microplastic abundance, and lack of 
standardised size definitions of microplastics (Ryan, 2009; Barnes 2009).  
 
Impact of microplastics on the marine environment 
Whilst it is apparent that microplastics have become both widespread and ubiquitous, information 
on the biological impact of this pollutant on organisms in the marine environment is only just 
emerging (Barnes et al., 2009; Gregory, 1996; Ryan et al., 2009). The possibility that microplastics 
pose a threat to biota, as their small size makes them available to a wide range of marine organisms, 
is of increasing scientific concern (Barnes et al., 2009; Derraik, 2002; Fendall and Sewell, 2009; 
Lozano and Mouat, 2009; Thompson et al., 2004). In addition to potential adverse effects from 
ingesting the microplastics themselves, toxic responses could also result from (a) inherent 
contaminants leaching from the microplastics, and (b) extraneous pollutants, adhered to the 
microplastics, disassociating.  
 
Microplastic ingestion  
Owing to their small size and presence in both pelagic and benthic ecosystems, microplastics have 
the potential to be ingested by an array of marine biota (Betts, 2008; Thompson et al., 2009a). 
Observing microplastic ingestion in the wild is methodologically challenging (Browne et al., 2008), 
but an increasing number of studies are reporting microplastic ingestion throughout the food chain. 
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Table 1.1. Laboratory studies showing uptake of microplastics in marine biota. 
Organism(s) Microplastic Identification Technique Publication 
Copepods (A. tonsa) 7–70 µm Microscopy Wilson (1973) 
Echinoderm larvae 10–20 µm Video observation Hart (1991) 
Trochophore larvae (G. 
caespitosa) 
3–10 µm Microscopy 
Bolton and Havenhand 
(1998) 
Scallop (P. magellanicus) 16–18 µm  
Detection of 
51
Cr labelled 
particles 
Brillant and MacDonald 
(2002) 
Amphipod (O. gammarellus), 
Lugworm (A. marina) and 
Barnacle (S. balanoides) 
20–2000 µm  
Dissection and wormcast 
examination 
Thompson et al. (2004) 
Mussel (M. edulis) 2–16 µm  
Dissection and 
fluorescence microscopy 
Browne et al. (2008) 
Sea Cucumbers Various Excrement analysis 
Graham and Thompson 
(2009) 
 
Table 1.1 lists a number of laboratory experiments demonstrating that marine organisms, including 
zooplankton, invertebrates and echinoderm larvae, ingest microplastics (Bolton and Havenhand, 
1998; Brillant and MacDonald, 2002; Hart, 1991; Wilson, 1973). Furthermore, phagocytic uptake of 
nanoplastics in a heterotrophic ciliate has been demonstrated using fluorescent nanospheres (Pace 
and Bailiff, 1987). These lower-trophic level organisms are particularly susceptible to ingesting 
microplastics as many of them are indiscriminate feeders with limited ability to differentiate 
between plastic particles and food (Moore, 2008). A study investigating the colour and size 
distribution of microplastics in the North Pacific Ocean hypothesised that planktonic organisms will 
most commonly mistake white and lightly coloured plastic fragments for prey (Shaw and Day, 1994). 
As low-density ‘user’ plastics (e.g. polyethylene and polystyrene) are buoyant, microplastics are 
abundant near the sea surface. Therefore, microplastics will be widely available to a host of 
planktonic organisms, including the larval stages of a variety of commercially important species, that 
reside within the euphotic zone (Fendall and Sewell, 2009; Gregory, 1996). This contact between 
plankton and microplastics is hypothetically exacerbated in gyres, as plankton populations are low 
whilst microplastic concentrations are high, resulting from plastic accumulation by ocean currents 
(Moore, 2008).  
 
A range of marine biota, including seabirds, crustaceans and fish, can ingest microplastics (Blight and 
Burger, 1997; Tourinho et al., 2010). Plastic fragments were first identified in the guts of sea birds in 
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the 1960s, when global plastic production was less than 25 million tonnes per annum (Ryan et al., 
2009; Thompson et al., 2009b). In 1982, a team in the Netherlands found 94% of fulmars sampled 
contained plastics, with an average of 34 plastic fragments per individual. Since, incidence and 
number of fragments consumed has remained high, although the mass of plastic found in each bird 
has decreased significantly in recent years (Lozano and Mouat, 2009; van Franeker, 2010). Dissection 
of planktivorous mesopelagic fish, caught in the North Pacific central gyre, revealed microplastics in 
the guts of 35% of the fish sampled (Boerger et al., 2010). Plastic fibres, fragments and films were 
also found in the stomachs of 13 of 141 mesopelagic fish caught in the North Pacific gyre (Davison 
and Asch, 2011). In the Clyde Sea (Scotland), 83% of Nephrops sp. collected had ingested plastics; 
this commercially important, omnivorous, benthic-dwelling crustacean mainly ate sections of 
monofilament line and fragments of plastic bags (Murray and Cowie, 2011). Plastic fibres found in 
the environment can be as small as 1 µm in diameter, and 15 µm in length, making them available to 
minute planktonic species (Frias et al., 2010). Such fibres may be particularly hazardous as they may 
clump and knot, potentially preventing egestion (Murray and Cowie, 2011). In all these examples, 
these animals might have ingested microplastics voluntarily, which they confuse for their prey. 
Alternatively, microplastic ingestion may result from eating lower trophic organisms that have 
themselves consumed microplastics (Browne et al., 2008; Fendall and Sewell, 2009). This process 
was recently demonstrated by providing small fish, which had previously eaten plastic fibres, to 
Nephrops sp.; after a 24-hour exposure period, all the Nephrops sp. had plastic fibres in their guts 
from eating the fish (Murray and Cowie, 2011). 
 
It is yet to be established whether the ingestion of non-polluted microplastics have any significant 
adverse health effects on biota (e.g. morbidity, mortality or reproductive success) (Zarfl et al., 2011). 
Microplastics may present a mechanical hazard to small animals once ingested, similar to the effects 
observed for macroplastics and larger animals (Barnes et al., 2009; Fendall and Sewell, 2009): plastic 
fragments might block feeding appendages or hinder the passage of food through the intestinal tract 
(Tourinho et al., 2010) or cause pseudo-satiation resulting in reduced food intake (Derraik, 2002; 
Thompson, 2006). However, Thompson (2006) and Andrady (2011) note that numerous marine 
organisms have the ability to remove unwanted materials (e.g. sediment, natural detritus and 
particulates) from their body without causing harm, as demonstrated using polychaete worms, 
which ingested microplastics from their surrounding sediment, then egested them in their faecal 
casts (Thompson et al., 2004). Nevertheless, once ingested, there is the potential for microplastics to 
be absorbed into the body upon passage through the digestive system via translocation. 
Translocation of polystyrene microspheres was first shown in rodents and humans, and has also 
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been demonstrated for mussels using histological techniques and fluorescence microscopy (Browne 
et al., 2008). Mytilus edulis were able to ingest 2 µm and 4 µm microplastics via the inhalant siphon, 
which the gill filtered out and transported to the labial palps for digestion or rejection. Translocation 
was proven following the identification of 3 µm and 9.6 µm fluorescently tagged microspheres in the 
mussels’ haemolymph (circulatory fluid), 3 days after exposure. Microspheres were present in the 
circulatory system for up to 48 days after exposure, although there was no apparent sub-lethal 
impact (measured as oxidative status and phagocytic ability of the haemocytes) (Browne et al., 
2008). However, Köhler (2010) describes a pronounced immune response and granuloma formation 
in the digestive glands of blue mussels exposed to microplastics. 
 
Microplastics and plasticiser leachates 
Although plastics are typically considered as biochemically inert (Roy et al., 2011; Teuten et al., 
2009), plastic additives, often termed ‘plasticisers’, may be incorporated into plastics during 
manufacture to change their properties or extend the life of the plastic by providing resistance to 
heat (e.g. polybrominateddiphenyl ethers), oxidative damage (e.g. nonylphenol) and microbial 
degradation (e.g. triclosan) (Browne et al., 2007; Thompson et al., 2009b). These additives are an 
environmental concern since they both extend the degradation times of plastic and may, in addition, 
leach out, introducing potentially hazardous chemicals to biota (Barnes et al., 2009; Lithner et al., 
2011; Talsness et al., 2009).  
 
Incomplete polymerisation during the formation of plastics allows additives to migrate away from 
the synthetic matrix of plastic; the degree to which these additives leach from plastics is dependent 
on the pore size of the polymer matrix, which varies by polymer, the size and properties of the 
additive and environmental conditions (e.g. weathering) (Moore, 2008; Ng and Obbard, 2006; 
Teuten et al., 2009). For example, phthalates are emollients that soften plastics by reducing the 
affinity between molecular chains within the synthetic polymer matrix (Oehlmann et al., 2009; 
Talsness et al., 2009). In PVC, phthalates can constitute up to 50% of the plastic’s weight (Oehlmann 
et al., 2009). Meanwhile, Bisphenol A is a constituent monomer in polycarbonate which is widely 
used in food and beverage containers. Neither compound is persistent, but their instability within 
plastic products facilitates leaching and their high prevalence in aquatic environments has been 
widely reported, particularly in landfill leachates (vom Saal and Myers, 2008).  
 
Due to the large surface-area-to-volume ratio of microplastics, marine biota may be directly exposed 
to leached additives after microplastics are ingested. Such additives and monomers may interfere 
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with biologically important processes, potentially resulting in endocrine disruption, which in turn can 
impact upon mobility, reproduction and development, and carcinogenesis (Barnes et al., 2009; 
Lithner et al., 2009; Lithner et al., 2011). Commonly used additives, including polybrominated 
diphenyl ethers, phthalates and the constituent monomer Bisphenol A, are renowned for being 
endocrine-disrupting chemicals as they can mimic, compete with or disrupt the synthesis of 
endogenous hormones (Talsness et al., 2009). Hormonal imbalance can cause permanent 
morphological issues in organisms in developmental stages, or sexual disruption in adults. Phthalates 
have been associated with a range of molecular and whole-organism effects in aquatic invertebrates 
and fish, including genotoxic damage (micronuclei and apoptosis in mussel haemocytes), inhibited 
locomotion in invertebrates and intersex conditions in fish (Oehlmann et al., 2009). Bisphenol A is 
both an oestrogen agonist and an androgen antagonist that can differentially affect reproduction 
and development depending on its concentration and the organism affected; at concentrations in 
the region of µg L-1, Bisphenol A can be acutely toxic to both crustaceans and insects. Chronic and 
widespread exposure of human populations to Bisphenol A has further been associated with chronic 
health effects, including heart disease, diabetes and alterations in circulating hormone levels 
(Galloway et al., 2010; Lang et al., 2008). Although it has been shown that plasticisers can induce 
negative biological effects within the ng L-1–µg L-1 range, Oehlmann et al. (2009) note there has been 
relatively little research into the chronic effects of these additives in long-term exposures to aquatic 
species.  
 
Microplastics and adhered pollutants 
Marine plastic debris, in particular microplastics with their large surface area to volume ratio, are 
susceptible to contamination by a number of waterborne-pollutants, including aqueous metals 
(Ashton et al., 2010; Betts, 2008), endocrine disrupting chemicals (Ng and Obbard, 2006) and 
persistent organic pollutants (POPs), also referred to as hydrophobic organic contaminants (HOCs) 
(Rios et al., 2007).  
 
Such chemicals are typically found at their highest concentrations in the sea-surface microlayer, 
where low-density microplastics are most abundant as well (Ng and Obbard, 2006; Rios et al., 2007; 
Teuten et al., 2009). POPs, which include polychlorinated biphenyls (PCBs), PAHs and organochlorine 
pesticides (e.g. DDT, DDE), are stable, lipophillic chemicals that will adhere and concentrate on the 
hydrophobic surface of plastics, with environmental concentrations recorded in the ng g-1–µg g-1 
range (Teuten et al., 2007; Teuten et al., 2009). Using equilibrium partitioning modelling, the 
adsorption coefficients (Kd) of the priority pollutant phenanthrene were calculated for a range of 
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plastic polymers in seawater and natural sediments (Teuten et al., 2007). Phenanthrene readily sorbs 
to small plastics, preferentially adhering to polyethylene, likely due to larger molecular cavities in 
this polymer. In environmentally relevant conditions, phenanthrene was more likely to adhere to 
plastics than to sediment. However, if heavily polluted microplastics come into contact with non-
contaminated sediments, the concentration gradient would permit desorption of phenanthrene to 
organic matter in the sediment.  
 
Evidence of microplastic contamination has been highlighted by several studies conducted in recent 
years. Mato et al. (2001) identified PCBs, nonylphenol and DDE on polypropylene resin pellets 
collected from Japanese waters at similar or higher concentrations than those found in sediments. In 
a further experiment, virgin resin pellets were shown to adsorb contaminants from seawater within 
a six-day exposure period. Although adsorption was constant, maximal concentrations were not 
reached in this time, indicating adsorption is not a rapid process. Rios et al. (2007) used GC-MS to 
detect sorbed contaminants on plastic pellets in Japanese waters; 4,4-DDE was found on all samples, 
up to a concentration of 5,600 ng g-1, and PCBs were observed on all but four samples with 
concentrations of 39–1,200 ng g-1. Teuten et al. (2007) observed PCBs at concentrations 106 higher 
on polystyrene pellets than in surrounding water. Microplastics found on two Portuguese beaches 
contained PAH concentrations ranging from 0.2–319.2 ng g-1, and PCBs from 0.02–15.56 ng g-1 (Frias 
et al., 2010). Analysis of plastic fragments (<10 mm) sampled from pelagic and neritic stations, 
revealed a range of pollutants including PCBs, PAHs, DDTs and its metabolites, PBDEs and Bisphenol 
A were adhered to the plastics’ surface at concentrations of 1–10,000 ng g-1 (Hirai et al., 2011).  
 
Microplastic debris coated with POPs may be transported across oceans polluting otherwise pristine 
ecosystems (Zarfl and Matthies, 2010), or be ingested by marine organisms, thus transferring toxins 
from the environment to biota (i.e. a ‘Trojan horse’ effect) (Gregory, 1996; Thompson et al., 2005; 
Thompson et al., 2004). Many POPs are considered toxic, inducing endocrine disruption, 
mutagenesis and/or carcinogenesis, and may biomagnify in higher-trophic organisms. However, until 
recent years it was unclear whether contaminants adhered to plastic detritus would disassociate 
once ingested (Thompson et al., 2004). To determine whether pollutants adhered to microplastics 
could desorb and cause harm to biota, Teuten et al. (2007) used a partitioning model to assess the 
disassociation of phenanthrene on microplastics. The model indicated that contaminated 
microplastics ingested by Arenicola marina, a sediment-dwelling polychaete worm, will sequester a 
proportion of the sorbed contaminants to the organism. However, if inhabiting clean, organic-rich 
sediment, much of the contaminant was predicted to adhere to the sediment rather than be taken 
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up by the polychaete itself (Teuten et al., 2007; Teuten et al., 2009). Transfer of contaminants from 
plastic to biota has since been demonstrated. Streaked shearwater chicks were fed with a diet of fish 
and resin pellets, or fish alone (Betts, 2008; Teuten et al., 2009). Both pellets and fish were obtained 
from Tokyo Bay and were contaminated with PCBs, at concentrations of 51–562 ng g-1 for the 
plastics, and 0.3–0.7 ng g-1 for fish. Analysis of preen gland oil, taken every week for 42 days, showed 
that PCB concentrations increased in both groups of chicks. To determine the uptake of PCBs from 
the resin pellets alone, lower chlorinated congener PCBs, which were abundant in the resin pellets 
but in low concentrations in fish, were analysed. Chicks eating plastic pellets showed a significant 
increase in low congener PCBs, whilst those eating fish alone showed no change.  
 
Conclusions and recommendations for future work 
Over the past decade, increased scientific interest has produced an expanding knowledge base for 
microplastics. Nevertheless, fundamental questions and issues remain unresolved. An evolving suite 
of sampling techniques has revealed that microplastics are a ubiquitous and widespread marine 
contaminant, present throughout the water column. However, disparity in the size definitions of 
microplastics and lack of comparability of microplastic sampling methodologies hinder our ability to 
cross-examine quantitative studies to better determine spatial and temporal patterns of this 
contaminant. The highest abundance of microplastics is typically associated with coastlines and mid-
ocean gyres, but the fate of these microplastics is elusive. It is hypothesised that microplastics sink 
following biofouling, fragment into smaller and smaller polymer fragments and/or are ingested by 
marine biota. Fully testing such hypotheses is impeded by the complexity of sampling the ocean 
depths and the difficulty of routinely sampling and detecting smaller-sized fractions of microplastics 
(including nanoplastics). Laboratory and field-studies have shown the consumption of microplastics 
in a range of marine biota, although it remains unclear whether microplastic ingestion alone will 
result in adverse health effects (e.g. mortality, morbidity and reproductive success) or whether such 
a contaminant can routinely be passed up the food chain. The transfer of toxic chemicals to biota via 
microplastic ingestion is a significant concern. However, few existing studies have conducted 
toxicity-studies using microplastic vectors. Looking to the future, here we present a list of knowledge 
gaps we believe deserve further attention from the scientific community (Table 1.2).  
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Table 1.2. Key requirements to answer research gaps relating to microplastics in the marine environment. 
1. Employ a clear and standardised size definition of a microplastic, with further size definitions for 
nano- and mesoplastics. 
2. Optimise and implement routine, high-throughput microplastic sampling methodologies to better 
compare the results from different study areas. 
3. Develop appropriate methods for detecting minute microplastics and nanoplastics within the 
water column and sediment. 
4. Expand knowledge of the fate and behaviour of microplastics within the water column, including 
the effects of fragmentation and bio-fouling. 
5. Develop methods for determining microplastic uptake by biota throughout the marine food web 
and expand the use of sentinel species (e.g. Fulmars) in detecting microplastic abundance. 
6. Determine the impact (i.e. mortality, morbidity and/or reproduction) of ingested microplastics on 
marine biota, and understand the transfer of this contaminant within the food-chain. 
7. Determine the impact (i.e. mortality, morbidity and/or reproduction) of leached plastic additives 
and adsorbed waterborne pollutants to biota, transferred via microplastics, on marine biota. 
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Chapter Two: 
Microplastic ingestion by zooplankton 
 
Small plastic detritus, termed ‘microplastics’, are a widespread and ubiquitous contaminant of 
marine ecosystems across the globe. Ingestion of microplastics by marine biota, including mussels, 
worms, fish and seabirds, has been widely reported, but despite their vital ecological role in marine 
food webs, the impact of microplastics on zooplankton remains under-researched. Here, we show 
that microplastics are ingested by, and may impact upon, zooplankton. We used bio-imaging 
techniques to document ingestion, egestion and adherence of microplastics in a range of zooplankton 
common to the northeast Atlantic, and employed feeding rate studies to determine the impact of 
plastic detritus on algal ingestion rates in copepods. Using fluorescence and coherent anti-Stokes 
Raman scattering (CARS) microscopy we identified that 13 zooplankton taxa had the capacity to 
ingest 1.7–30.6 µm polystyrene beads, with uptake varying by taxa, life-stage and bead-size. Post-
ingestion, copepods egested faecal pellets laden with microplastics. We further observed 
microplastics adhered to the external carapace and appendages of exposed zooplankton. Exposure of 
the copepod Centropages typicus to natural assemblages of algae with and without microplastics 
showed that 7.3 µm microplastics (>4000 ml-1) significantly decreased algal feeding. Our findings 
imply that marine microplastic debris can negatively impact upon zooplankton function and health.  
 
 
 
 
 
 
 
 
This chapter is a reformatted copy of my publication: M Cole, P Lindeque, E Fileman, C Halsband, 
R Goodhead, J Moger and T Galloway (2013). Microplastic ingestion by zooplankton. 
Environmental Science & Technology. 47 (12): 6646–6655. I designed and conducted all of the 
studies and was lead author on this paper; PL, EF and TG assisted with experimental design; RG 
and JM provided the CARS imaging; PL, EF, CH and TG provided comments and edits to help 
shape the final manuscript. 
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Introduction 
It has been estimated that up to 10% of plastics produced globally enters our oceans, so it is of little 
surprise that plastic debris is now a pervasive and resilient pollutant of the marine environment 
(Cole et al., 2011; Thompson, 2006). Larger plastic debris, such as monofilament line, plastic 
strapping and plastic bags, can entangle, garrotte, drown, or be eaten by an array of marine wildlife 
(Derraik, 2002). There is compelling evidence that microplastics – small plastic <5 mm in diameter – 
also negatively impact upon marine biota (Thompson et al., 2004). Microplastics consist of synthetic 
polymer products manufactured to be of a small size, such as exfoliates in cosmetics (Fendall and 
Sewell, 2009), and those items derived from the fragmentation of larger plastic debris, for example 
polyester fibres from fabrics (Browne et al., 2011), polyethylene fragments from plastic bags 
(O'Brine and Thompson, 2010) and polystyrene particles from buoys and floats (Davidson, 2012). 
Typically, high-density plastics (e.g. polyvinyl chlorides, polyester) settle out of the water column, 
whilst low-density plastics (e.g. polyethylene, polystyrene) remain buoyant, although freshwater 
inputs, storms and biofilm formation may result in vertical mixing (Lattin et al., 2004; Lobelle and 
Cunliffe, 2011). Floating plastic debris is susceptible to local and ocean currents resulting in higher-
than-average waterborne microplastic concentrations in areas of confluence (Collignon et al., 2012). 
 
Microplastics are of environmental concern as their small size makes them available to a wide range 
of marine biota (Barnes et al., 2009). Microplastic ingestion has been demonstrated in marine 
organisms, including amphipods, lugworms and barnacles (Thompson et al., 2004), mussels (Browne 
et al., 2008), decapod crustaceans (Murray and Cowie, 2011), seabirds (van Franeker et al., 2011), 
and fish (Boerger et al., 2010; Davison and Asch, 2011). Ingested microplastics might obstruct 
feeding appendages, aggregate and block the alimentary canal, limit the food intake of an organism 
or be translocated into the circulatory system (Browne et al., 2008; Murray and Cowie, 2011). 
Further, microplastics may introduce toxicants to the organism: firstly, additives incorporated into a 
plastic during manufacture to improve its properties (e.g., phthalates for malleability and 
polybrominated diphenyl ethers (PDE) for heat resistance) might leach out of weathered plastic 
debris (Talsness et al., 2009; Teuten et al., 2009); secondly, the large surface area to volume ratio 
and hydrophobic properties of microplastics leave them susceptible to the accumulation of HOCs 
which could dissociate post-ingestion (Mato et al., 2001).  
 
The extent to which microplastics are ingested and can impact upon zooplankton is uncertain. 
Zooplankton have a vital ecological role in marine ecosystems, both as primary consumers in the 
marine food web, and in the case of meroplankton, consisting of the juvenile life stage of numerous 
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commercially important species. The widespread presence of small plastic debris in the water 
column makes interactions between zooplankton and microplastics highly likely; indeed, both small 
plastic debris and zooplankton >333 µm in diameter have been recurrently sampled together in sea 
surface trawls and by continuous plankton recorders (Collignon et al., 2012; Moore et al., 2001; 
Moore et al., 2002; Thompson et al., 2004). Zooplankton display a range of feeding modes, which 
vary by life-stage, species and prey availability (Wirtz, 2012). Zooplankton can use a combination of 
chemo- and mechano-receptors to select prey, and their ability to preferentially feed on one species 
of algae over other algae, plastic beads or detritus has been demonstrated (Ayukai, 1987; DeMott, 
1988; Frost, 1977). Laboratory experiments, in which latex beads were used to model algal ingestion, 
have shown that zooplankton have the potential to ingest small plastics (Frost, 1977; Hart, 1991; 
Wilson, 1973). Uptake of these small plastics likely results from indiscriminate feeding modes (e.g. 
filter-feeding), by which prey with equivalent spherical diameters (ESD) <100 µm are non-selectively 
fed upon (Mauchline, 1998; Wirtz, 2012).  
 
Due to the complexities of sampling and extracting microplastics from the marine environment, 
existing studies have largely focussed on detritus >333 µm (Cole et al., 2011; Hidalgo-Ruz et al., 
2012). However, there is evidence of very small microplastics (<100 µm) both in the benthos and 
water column. Sampling of shoreline, estuarine and harbour sediments has shown the presence 
of   20 µm diameter fibrous polymers (Browne et al., 2011; Browne et al., 2010; Thompson et al., 
2004), and microplastic fibres, granules, films and polystyrene spheres ranging in size from 38 µm–
1 mm (Claessens et al., 2011). In the water column, sampling with a 80 µm mesh in Swedish coastal 
waters captured 100,000 times greater concentrations of microplastics than when using a 450 µm 
mesh, with a maximal concentration of 102,000 microplastics per m3 sampled near a polyethylene 
production facility (Lozano and Mouat, 2009). Sampling of microplastics in this size range is 
exceptional, as such there is currently insufficient data to determine realistic environmental 
concentrations of these particles.  
 
Here, we investigate the ingestion of minute microplastics, ≤31 µm diameter, by a range of 
zooplankton species, and examine their impact on zooplankton function and feeding. To explore the 
hypothesis that zooplankton are capable of ingesting microplastics, 15 zooplankton taxa – 
representative of abundant mesozooplankton in northeast Atlantic coastal systems – were exposed 
to polystyrene spheres in the size range 7.3–30.6 µm suspended in natural seawater, then analysed 
using fluorescence microscopy. Using the copepod Temora longicornis, we explored where 0.4–3.8 
µm microplastics accumulate, both internally and externally, using a novel bio-imaging technique: 
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coherent anti-Stokes Raman scattering (CARS) microscopy. Finally, to test the hypothesis that 
microplastics negatively impact upon zooplankton feeding, we exposed the copepod Centropages 
typicus to natural assemblages of algae and polystyrene beads, using fluorometry and flow 
cytometry to quantify algal ingestion.  
 
Materials and methods 
 
Zooplankton sampling 
Zooplankton sampling was conducted between November 2011 and October 2012 at Station L4 (50° 
15’N, 4° 13’W), a coastal site located in the western English Channel 12 km south of Plymouth, UK 
(Harris, 2010; Smyth et al., 2010). A 200 µm mesh was used to collect zooplankton via horizontal 
surface tows and vertical hauls. Collected zooplankton were held in 2 L of seawater within a coolbox, 
and transported to controlled-temperature facilities at Plymouth Marine Laboratory (Plymouth, UK). 
For all experimental procedures, we maintained the zooplankton at ambient sea-surface 
temperatures (ranging 10–17°C depending on sampling date). Specimens were hand-selected under 
a dissecting microscope within two hours of sampling, and then collectively held in 2 L of filtered 
seawater (0.22 µm Millipore filter) for 24 hours to allow full gut depuration. In all, 14 
mesozooplankton taxa (size: 0.2–20 mm), representative of the most commonly occurring 
zooplankton in the western English Channel and covering a range of life-stages and life-strategies, in 
addition to cultured Oxyrrhis marina, a heterotrophic dinoflagellate (size: 15–30 µm), were selected 
for microplastic ingestion studies (Table 2.1).  
 
Natural seawater preparation 
For the algal ingestion studies, natural seawater (5 L) was collected from the sea surface at station 
L4, passed through a 200 µm mesh into a polycarbonate carboy and returned to the laboratory 
within two hours. The seawater was further screened with a 100 µm mesh to ensure the removal of 
any grazing micrometazoans then stored in the dark for 24 hours at ambient sea-surface 
temperature to maintain the natural communities of algae at normal concentrations. Prior to 
experimental work, the seawater was mixed thoroughly by gentle inversion of the water in the 
carboy. 
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Microplastics 
Exposures used commercial polystyrene spheres (SPHERO™ Spherotech). With global production 
rates of 10.6 million tons in 2001, polystyrene is the fourth most commonly produced polymer in the 
world and its presence as a constituent of marine debris is commonly reported (Hidalgo-Ruz et al., 
2012; PlasticsEurope, 2010). The bead sizes used in each experiment (0.4–30.6 µm) were selected to 
be comparable with the prey size range of the zooplankton exposed (Kiørboe, 2011; Wirtz, 2012). 
 
Microplastic ingestion by zooplankton 
To ascertain whether zooplankton ingest microplastics we conducted exposures using fluorescent 
polystyrene beads, and used microscopy to assess uptake. Microplastic suspensions were made up 
by pipetting 20 µl of 7.3, 20.6 or 30.6 µm diameter fluorescently labelled (yellow fluorescence: 400–
500 nm excitation, 450–550 nm emission) polystyrene spheres into glass vials containing 20 ml of 
filtered seawater (0.1% v/v: 3,000 beads ml-1 (7.3 µm); 2,240 beads ml-1 (20.6 µm); 635 beads ml-1 
(30.6 µm)), then mixed through repeated inversion. With larger zooplankton (e.g. copepods, 
decapod larvae, chaetognaths), individual specimens were added directly to the vial (n = ≥6 per 
exposure), and fitted to a rotating plankton wheel (<5 RPM) for 24 hours. For smaller zooplankton or 
those with low survivability in the laboratory (e.g. bivalve larvae, gelatinous holoplankton, O. 
marina), individual specimens were exposed to microplastic suspensions in Petri dishes (n = ≥6 per 
exposure) at ambient sea temperature for one hour (with the exception of bivalve larvae, which 
were exposed for 24 hours using this method). Post-exposure, zooplankton were washed with 
filtered seawater and transferred to Eppendorf tubes containing 1 ml of 4% formalin. Ingestion was 
ascertained by viewing specimens at x40–400 magnification with an Olympus IMT2 inverted light 
microscope with fluorescence to determine the presence of polystyrene beads (fluorescing yellow-
green) within the alimentary canal or body cavity of the zooplankton. To better understand the 
interactions between zooplankton and microplastics, both live and preserved copepods and select 
zooplankton specimens were viewed under the microscope for varying lengths of time to observe 
the feeding process, ingestion, gut passage and egestion of polystyrene beads. 
 
Interactions between microplastics and copepods 
To explore the internal distribution and external adherence of microplastics in zooplankton, we first 
exposed the copepod Temora longicornis to polystyrene beads and then employed CARS microscopy 
(see below) to visualise their uptake. Microplastic suspensions were formulated by adding 12 µl of 
0.4, 1.7 or 3.8 µm diameter non-labelled polystyrene spheres to 24 ml of filtered seawater (0.05% 
v/v: 1 x 106 beads ml-1 (0.4 µm), 380 x 103 beads ml-1 (1.7 µm), and 40 x 103 beads ml-1 (3.8 µm)), 
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which were mixed through inversion and sonication. Individual T. longicornis (n = ≥6 per exposure) 
were added to each vial, rotated at <5 RPM at ambient sea temperature for 24 hours. Post-
exposure, specimens were poured onto a 200 µm mesh suspended in filtered seawater (to prevent 
damage to the copepods), washed gently, preserved in 4% formalin and then transferred to the bio-
imaging suite at the University of Exeter (Exeter, UK).  
 
Coherent anti-Stokes Raman scattering (CARS) microscopy 
CARS microscopy is a novel microscopy technique that provides label-free contrast, based on 
vibrational spectroscopy (Moger et al., 2008) which has exceptional capability for locating polymer 
particles within biological tissues with subcellular precision (Garrett et al., 2012a; Garrett et al., 
2012b). CARS imaging was performed using a custom-built microscopy system based on a 
commercial confocal laser-scanning microscope and a synchronised dual-wavelength picosecond 
laser source. Laser excitation was provided by an optical parametric oscillator (OPO) (Levante 
Emerald, APE, Berlin) pumped with a frequency doubled Nd:Vandium picosecond oscillator (High-Q 
Laser Production GmbH). The pump laser generated a 6 ps, 76 MHz pulse train at 532 nm with 
adjustable output power up to 10 W. The OPO produced collinear signal and idler beams with 
perfect temporal overlap and provided continuous tuning over a range of wavelengths. The signal 
beam was used as the pump, ranging from 670 to 980 nm and fundamental of Nd:Vandium (1064 
nm) used as the Stokes beam. The maximum combined output power of the pump and Stokes was 
approximately 1 W, which was attenuated to reduce the power at the sample to between 15–30 
mW. To improve the transmission of the near-IR excitation through the commercial microscope 
(IX71 and FV300, Olympus UK) the galvanometer mirrors were replaced with silver mirrors and the 
tube lens was replaced with a MgF2 coated lens. The collinear pump and Stokes beams were 
directed onto the scanning confocal dichroic which was replaced by a silver mirror with high 
reflectivity throughout the visible and NIR (21010, Chroma Technologies, USA). The forward-CARS 
signal was collected by the air condenser, transmitted by the dichroic mirror and directed onto a 
red-sensitive photomultiplier tube (R3896, Hamamatsu Photonic UK). The epi-CARS signal was 
collected using the objective lens and separated from the pump and Stokes beams by a long-wave 
pass dichroic mirror (z850rdc-xr, Chroma Technologies, USA) and directed onto a second R3896 
photomultiplier tube at the rear microscope port. The CARS signal was isolated at each 
photodetector using a single band-pass filters centred at the anti-Stokes wavelengths. Imaging was 
performed using either a 60X water immersion, or 20X air objective (UPlanS Apo, Olympus UK). 
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Impact of microplastics on copepod feeding 
To determine whether microplastics negatively impact upon a copepod’s ability to ingest natural 
prey, we exposed the copepod Centropages typicus to natural assemblages of algae with and 
without microplastics, and compared algal ingestion rates between treatments. In our initial 
experiment, designed to identify the size of microplastic that would have the greatest impact on C. 
typicus feeding, we exposed individual C. typicus specimens (n = ≥6 per exposure) to 23 ml of natural 
seawater containing 0 or 23 µl of 7.3 or 20.6 µm fluorescent polystyrene beads (0.1% v/v), rotated at 
<5RPM for 24 hours. To quantify algal concentrations within the natural seawater pre- and post-
exposure, we vacuum-filtered the exposure media through a glass fibre filter, and then transferred 
the filter to 7 ml of acetone, held at 4°C in the dark for 24 hours. The chlorophyll levels within the 
acetone solution were measured using a Turner fluorometer. Since 7.3 µm microplastics had the 
most notable impact on C. typicus feeding, we conducted a further experiment to establish a dose-
response relationship between microplastic concentration and food uptake. Microplastic 
suspensions consisted of 0, 2.5, 5, 10 or 20 µl additions of 7.3 µm fluorescent polystyrene beads in 
23 ml of natural seawater. A 1.8 ml aliquot of natural seawater was taken from all vials at T0 and 
fixed with 40 µl of 50% glutaraldehyde (4% final concentration), inverted for two minutes, 
refrigerated at 4°C for 30 minutes and subsequently snap-frozen in liquid nitrogen and stored in 
a -80°C freezer prior to analysis using analytical flow cytometry. Individual C. typicus (n = ≥6 per 
exposure) were added to experimental vials, while controls (with no copepod) were set up to 
determine natural growth or decline of algae over the exposure period. The vials were incubated on 
a rotating plankton wheel (5RPM) for 24 hours in the dark. Post-exposure (T24), a further 1.8 ml 
aliquot was fixed (as with T0). Flow cytometric analysis was carried out on thawed natural seawater 
samples using a BD Accuri C6 flow cytometer (Tarran et al., 2006). Particle abundance data was 
subsequently used to calculate the ingestion rates of algae by C. typicus (Frost, 1972). 
  
Statistical analysis 
Data was analysed using Microsoft Excel. Student’s T-tests were used to compare experimental data 
with controls, with significant difference attributed where P ≤ 0.05. Regression analysis was used to 
analyse the correlation between algal ingestion rates and microplastic concentration.  
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Results  
 
Microplastic ingestion by zooplankton 
The majority of zooplankton (13 of 15) exposed to polystyrene beads (7.3–30.6 µm) demonstrated 
the capacity to ingest microplastics (Table 2.1). Organisms exhibiting uptake included copepods 
(Figure 2.1i, 2.1ii), bivalve larvae (Figure 2.1iii) and decapod larvae (Figure 2.1iv, 2.1v). Only two 
specimens – chaetognaths (Parasagitta sp.) and siphonophorae (Cnidaria) – showed no evidence of 
ingestion. All four species of copepods examined demonstrated some affinity for ingesting 
microplastics, with Centropages typicus and Temora longicornis able to consume 7.3, 20.6 and 30.6 
µm polystyrene beads (Figure 2.1ix). The other copepods showed evidence of size-based selectivity: 
Acartia clausi ingested 7.3 µm beads but ingested significantly less 20.6 and 30.6 µm beads, and 
Calanus helgolandicus showed significantly less affinity for 30.6 µm beads than for 7.3 µm beads. 
The decapod Brachyurans demonstrated variability in microplastic ingestion depending upon life-
stage: brachyuran zoea showed no affinity for 20.6 µm beads, while the more-developed brachyuran 
megalopa readily ingested such beads. Obelia sp., Paguridae larvae and Porcellinidae (zoea) 
exhibited individual variability in their ability to ingest polystyrene beads, with less than half the 
exposed specimens in a cohort showing evidence of microplastic uptake.  
 
Live observations of copepods, euphausids and doliolids found microplastics were ingested via filter-
feeding. In copepods and euphausids, this process relied upon the rapid movement of the swimming 
legs and external appendages, which generated a feeding current that indiscriminately drew 
surrounding beads towards the organism. With doliolids, we observed the microplastics being drawn 
through the anterior siphon into their body cavity, where the polystyrene beads were entrapped and 
drawn towards the gut. Oxyrrhis marina, a single celled heterotrophic dinoflagellate, demonstrated a 
more direct method of ingestion, locating particles with their flagella and then engulfing the 
polystyrene beads. Post-ingestion, copepods typically aggregated beads within the anterior mid-gut, 
shifted them to the posterior mid-gut via peristaltic action (Figure 2.1i, 2.1ii) and egested them 
within densely packed faecal pellets (Figure 2.1vi, 2.1viii). Typically, microplastic-laden faecal pellets 
were egested within hours. In the absence of food, individual microplastic beads could remain in the 
intestinal tract of C. helgolandicus for up to seven days. During observations of both live and 
preserved zooplankton specimens, including copepods, decapod larvae and euphausids, 
microplastics often adhered to the specimens’ external surfaces. In copepods that died during the 
exposure period, polystyrene beads would coat the carapace in vast numbers; similarly, beads were 
observed to cling to the shed carapace of a moulting C. helgolandicus copepodite. In live specimens, 
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microplastics were found to concentrate between the external appendages of copepods, including 
the swimming legs, feeding apparatus, antennae and furca (Figure 2.1vii).  
 
Table 2.1. The capacity for a range of zooplankton to ingest microplastics, demonstrated using fluorescent 
microscopy. Microplastic uptake is based upon the number of individuals in a treatment (n = ≥6) that 
contained beads in their alimentary canals or body cavity following 1 or 24 hour exposures to either 7.3, 
20.6 or 30.6 µm fluorescent polystyrene beads. Scoring system: Yes (>50%); Partial (<50%); No (0%). 
Organism Taxonomy Microplastic  
(µm) 
Exposure 
Duration (h) 
Ingestion 
(Y/P/N?) 
 
Holoplankton (Copepods) 
Acartia clausi Copepoda 
(Calanoida) 
7.3 24 Yes 
Acartia clausi Copep a 
(Calanoida) 
20.6 24 No 
Acartia clausi Copep a 
(Calanoida) 
30.6 24 Partial 
Calanus helgolandicus Copep a 
(Calanoida) 
7.3 24 Yes 
Calanus helgolandicus Copep a 
(Calanoida) 
20.6 24 Yes 
Calanus helgolandicus (juv.) Copep a 
(Calanoida) 
20.6 24 Yes 
Calanus helgolandicus Copep a 
(Calanoida) 
30.6 24 Partial 
Centropages typicus Copep a 
(Calanoida) 
7.3 24 Yes 
Centropages typicus Copep a 
(Calanoida) 
20.6 24 Yes 
Centropages typicus Copep a 
(Calanoida) 
30.6 24 Yes 
Temora longicornis Copep a 
(Calanoida) 
7.3 24 Yes 
Temora longicornis Copep a 
(Calanoida) 
20.6 24 Yes 
Temora longicornis Copep a 
(Calanoida) 
30.6 24 Yes 
 
Holoplankton (Other) 
Doliolidae Tunicata 7.3 1 Yes 
Euphausiidae Euphausiacea 20.6 24 Yes 
Parasagitta sp. Chaetognatha 20.6 1 No 
Parasagitta sp. Chaetognatha 30.6 24 No 
Obelia sp. Cnidaria 
(Hydrozoa) 
20.6 1 Partial 
Siphonophorae Cni aria 
(Hydrozoa) 
20.6 1 No 
 
Meroplankton 
Bivalvia (larvae) Mollusca 7.3 24 Yes 
Brachyura (megalopa) Decapoda 20.6 24 Yes 
Brachyura (zoea) Decapoda 20.6 24 No 
Caridea (larvae) Decapoda 20.6 24 Yes 
Paguridae (larvae) Decapoda 20.6 24 Partial 
Porcellanidae (zoea) Decapoda 30.6 24 Partial 
 
Microzooplankton 
Oxyrrhis marina Dinoflagellata 7.3 1 Yes 
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Figure 2.1. Microplastics of different sizes can be ingested, egested and adhere to a range of zooplankton, as 
visualised using fluorescence microscopy: (i) the copepod Centropages typicus containing 7.3 µm 
polystyrene (PS) beads (dorsal view); (ii) the copepod Calanus helgolandicus containing 20.6 µm PS beads 
(lateral view); (iii) a D-stage bivalve larvae containing 7.3 µm PS beads (dorsal view); (iv) a Brachyuran 
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(decapod) larvae (zoea stage) containing 20.6 µm PS beads (lateral view); (v) a Porcellanid (decapod) larvae, 
containing 30.6 µm PS beads (lateral view); (vi) 30.6 µm PS beads in the posterior-gut of the copepod 
Temora longicornis during egestion, (vii) 1.4 µm PS beads trapped between the setae of the furca of C. 
typicus; (viii) a T. longicornis faecal pellet containing 30.6 µm PS beads; (ix) proportion of copepods (Acartia 
clausi, Calanus helgolandicus, Centropages typicus and Temora longicornis) with microplastics in their guts 
following 24 hours of exposure to 7.4, 20.6 and 30.6 µm polystyrene beads.  denotes statistically significant 
(P ≤ 0.05) lower consumption of larger beads compared with that of 7.3 µm beads. Scale bar (grey line): 100 
µm. 
 
Interactions between microplastics and copepods 
CARS microscopy used a blend of transmitted light to capture the structure of the copepod, and 
Raman shifts of 2845 cm-1 (C-H) and 3050 cm-1 (aromatic C-H) to visualise the polystyrene (Figure 
2.2i). Temora longicornis ingested both 1.7 and 3.8 µm polystyrene beads; use of Z-stacking – in 
which 2D images at incremental focal plains are layered together to form a 3D image – confirmed 
that microplastics clumping in the posterior mid-gut were, indeed, internalised (Figure 2.2ii; yellow 
dots), but sufficient resolution to identify microplastic translocation was not possible. CARS imaging 
confirmed that microplastics adhere to the external appendages of the zooplankton: polystyrene 
beads (0.4–3.8 µm) accumulated between the filamental hairs on appendages, including the furca 
(Figure 2.2iii; blue dots), rear swimming legs (Figure 2.2iii; red dots) and antennules, and between 
the segments of the carapace, particularly around the urosome and swimming legs.  
 
Impact of microplastics on copepod feeding 
Using chlorophyll concentration as a proxy for algal abundance, we identified that 7.3 µm 
microplastics had a significant impact on algal ingestion by the copepod Centropages typicus (data 
not shown) and identified a significant dose-response relationship between ingestion rates and the 
concentration of 7.3 µm polystyrene beads. Exposed to seawater – containing natural assemblages 
of algae – C. typicus ingested 12 Synechococcus sp. ind-1 h-1 (Figure 2.3i) and 24 picoeukaryotes 
ind-1 h-1 (Figure 2.3ii). These ingestion rates decreased when additionally exposed to 4,000 
microplastics ml-1; this decrease was statistically significant at concentrations of ≥7,000 microplastics 
ml-1 (t-test: P ≤0.05). When considering all of the <20 µm ESD algal groups identified using flow 
cytometry – Synechococcus sp., picoeukaryotes, nanoeukaryotes and cryptophytes – in combination 
(hereafter referred to as ‘total algae’), C. typicus presented total algal ingestion rates of 34 algae 
ind-1 h-1 in the absence of microplastics. Total algal ingestion rates for C. typicus were significantly 
reduced with the addition of ≥4,000 microplastics ml-1 (t-test: P ≤0.05; Figure 2.3iii). Furthermore, 
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we identified a strong, logarithmic relationship (R2 = 0.70, P ≤0.05) between the ingestion rate of 
total algae and microplastic concentration (Figure 2.3iv).  
 
 
Figure 2.2. CARS microscopy can be used to visualise microplastics: (i) Spontaneous [black] and stimulated 
[grey] peaks for polystyrene beads, Raman shifts of 2845 cm
-1
 (C-H) and 3050 cm
-1
 (aromatic C-H) were used 
to visualise the polystyrene; (ii) 3.4 µm microplastics accumulated in the alimentary canal [ac] of the 
copepod Temora longicornis (yellow dots); beads further adhered to the exterior of the copepod’s urosome 
[u], furca [f] and posterior swimming legs [sl] (blue dots); (ii) 3.4 µm microplastics (red dots) adhered to the 
external surface of the posterior swimming legs of T. longicornis. Scale bar [grey line]: 50 µm. 
 
51 
 
 
Figure 2.3. Exposure to increasing concentrations of microplastics in the copepod Centropages typicus 
reduced algal ingestion rates. C. typicus (n = ≥5). Treatments comprise seawater containing natural 
assemblages of algae [A] with 4,000 [B], 7,000 [C], 11,000 [D] and 25,000 [E] 7.3 µm polystyrene beads per 
ml.  denotes statistically significant (P ≤ 0.05) lower ingestion rates (cells individual-1 hour-1) than in 
controls. Graphs show ingestion rates of: (i) Synechococcus sp.; (ii) Picoeukaroytes; (iii) all algae present; (iv) 
plot comparing positive C. typicus algal ingestion rates at differing microplastics concentrations - logarithmic 
regression: R² = 0.70 (P ≤ 0.05). 
 
Discussion 
Our results show that a range of zooplankton common to the northeast Atlantic can ingest 
microplastics (1.4–30.6 µm diameter), with capacity for uptake varying between species, life-stage 
and microplastic size. Microplastics were indiscriminately ingested via filter-feeding and later 
egested in faecal pellets, typically within a matter of hours. Microplastics accumulated on the 
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external surface of dead zooplankton, and were found trapped between the external appendages of 
live copepods. We visualised 1.7 and 3.8 µm polystyrene beads clustered within the alimentary canal 
and aggregated between the setae and joints of external appendages. Lastly, we demonstrated that 
the presence of 7.3 µm polystyrene beads could significantly reduce the algal ingestion rate of the 
copepod Centropages typicus, in a dose-response relationship.  
 
We demonstrated that thirteen zooplankton taxa – including holoplankton, meroplankton and 
microzooplankton – have the capacity to ingest polystyrene beads in the absence of natural food. All 
four copepod species showed uptake of microplastics, with varying degrees of selectivity: T. 
longicornis and C. typicus ingested 7.3, 20.6 and 30.6 µm beads, while A. clausi and C. helgolandicus 
fed on 7.3 µm beads but less frequently ingested larger beads. Using CARS microscopy, we further 
identified that T. longicornis could ingest 1.7 and 3.8 µm microplastics, however, we found no 
evidence of 0.4 µm beads being ingested. Brachyuran larvae only ingested 20.6 µm polystyrene 
beads as megalopa (post-zoea larvae), with no uptake observed when in the earlier zoea stage. 
Microplastics were also ingested by the filter-feeding euphausids and doliolids, and Oxyrrhis marina, 
a heterotrophic dinoflagellete that ingests motile or immotile prey through engulfment via a non-
permanent cytosome (Roberts et al., 2011). These findings corroborate the results of several 
previous studies, which documented the uptake of <100 µm microplastics by Acartia tonsa (Wilson, 
1973), Calanus pacificus adults, copepodites and nauplii (Fernandez, 1979; Frost, 1977; Huntley et 
al., 1983b), Oxyrrhis marina (Hammer et al., 1999), ciliates (Christaki et al., 1998; Juchelka and Snell, 
1995), echinoderm larvae (Hart, 1991) and salps (Chan and Witting, 2012). 
 
We did not observe microplastic uptake in Parasagitta sp. (chaetognaths) following 1- or 24-hour 
exposures to 30.6 µm beads, or siphonophorae (Cnidaria) exposed to 20.6 µm plastics, possibly as a 
result of handling stress, or more likely because these zooplankton are raptorial predators and feed 
actively, so were not enticed to capture the immotile microplastics (Kiørboe, 2011). Furthermore, 
only 10–50% of Obelia sp., Paguridae larvae and Porcellinidae (zoea) specimens presented with 
polystyrene beads in their intestinal tracts post-exposure. As we also observed size-selective 
ingestion in A. clausi and C. helgolandicus, it is important to consider how microplastics may impact 
on different zooplankton feeding strategies. Zooplankton use both mechanoreception (i.e. detection 
of pressure disturbances within the water) and chemoreception (i.e. detection of infochemicals 
emitted by algal cells) to sense prey (Kiørboe, 2011; Mauchline, 1998). As such, the clean immotile 
beads used in our algal-free experiments are less likely to be detected by exposed zooplankton, 
although it is possible that aged microplastics, that have developed bio-films during their residence 
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within the marine environment (Lobelle and Cunliffe, 2011), may generate a chemosensory 
response; this effect was observed in the copepod Eurytemora affinis which more readily ingested 
beads spiked with bacteria than when offered beads alone (Powell and Berry, 1990). While some 
copepods will continuously filter-feed regardless of prey availability, others (e.g. C. pacificus, A. 
tonsa) can limit their movement and filter-feed at reduced rates to conserve energy when faced with 
low food-concentrations (Lam and Frost, 1976; Tiselius, 1992). The presence of algae promotes 
greater uptake of microplastics in the filter-feeding copepods Calanus pacificus (Frost, 1977) and 
Eucalanus pileatus CV copepodites (Paffenhöfer and Van Sant, 1985); notably, A. clausi only ingests 
16 µm polystyrene beads in the presence of algae (Ayukai, 1987). Some zooplankton can ingest or 
reject prey upon capture, depending on surface characteristics and charge of the particle, both 
echinoderm larvae and the copepods A. clausi and E. pileatus can reject plastic beads that coalesced 
within their mouthparts (Donaghay and Small, 1979; Hart, 1991; Paffenhöfer and Van Sant, 1985). 
The presence of microplastics may also alter the behaviour of zooplankton, limiting their capacity to 
feed: in Acartia tonsa copepodites, contact with 45 µm plastic beads caused the organisms to ‘jump’, 
limiting time dedicated to feeding bouts and reducing their clearance rates by 60% (Hansen et al., 
1991).  
 
Post-ingestion, polystyrene beads were observed to coalesce within the mid-gut of copepods prior 
to egestion. While gut-retention times of these microplastics were typically similar to natural food 
items (i.e. egestion occurred within hours), a follow-up experiment found some Calanus 
helgolandicus individuals retained microplastics for up to seven days. Microplastics found in the 
marine environment include fibres, granules and fragments manufactured from a range of polymers 
(Hidalgo-Ruz et al., 2012); if such irregularly shaped and fibrous microplastics were ingested, they 
may become entangled within the intestinal tract, potentially resulting in a non-biodegradable gut-
blockage and greater gut-retention times. Plastic fibres entangle within the intestinal tracts of 
Nephrops in this manner (Murray and Cowie, 2011), while fish (Boerger et al., 2010; Davison and 
Asch, 2011) and seabird dissections (van Franeker et al., 2011) have demonstrated that marine 
wildlife can retain a range of plastic detritus within their stomachs near-indefinitely. Prolonged gut-
retention times of plastics and gut-blockages in zooplankton may limit the ability of these organisms 
to ingest and digest food, and may pose a toxic risk. During manufacture, a suite of additives (e.g. 
plasticisers, flame-retardants, anti-microbials) are added to plastics, and large surface area to 
volume ratio and hydrophobic properties of microplastics make them particularly susceptible to the 
adherence of waterborne contaminants (e.g. PCBs, DDT and PAHs) (Teuten et al., 2009). The 
leaching of additives and disassociation of toxic contaminants post-ingestion has been modelled in 
54 
 
polychaete worms (Teuten et al., 2007) and demonstrated in streaked shearwaters (Betts, 2008). In 
zooplankton, as with other marine biota, these contaminants might be considered endocrine-
disruptors, carcinogenic or toxic, with repercussions for growth, sexual development, fecundity, 
morbidity and mortality (Lithner et al., 2011; Oehlmann et al., 2009). Of further concern is trophic-
transfer: microplastics (and contaminants released from microplastics) within lower-trophic, 
keystone organisms such as zooplankton may result in the trophic-transfer of these contaminants up 
the food-chain, with the potential for bio-accumulation and therefore adverse health consequences 
in higher trophic organisms.  
 
Copepods that died during exposures, and shed moults of copepodites, were coated in microplastics 
– presumably because of hydrophobic or static attractions between the negatively charged 
polystyrene (average zeta potential: -41.8 mV) and organic material – a process that acts to 
concentrate microplastics from the surrounding seawater. Our observations of microplastic laden 
faecal pellets egested by copepods provided no indication that passage through the alimentary canal 
had any discernible impact on the microplastics. However, plastics may alter the density and 
structural integrity of faecal pellets with potential repercussions on vertical carbon flux (Urrère and 
Knauer, 1981). During our studies, we also found microplastics were becoming trapped between the 
external appendages and carapace segments of live copepods. We found that very small 
microplastics (0.4–3.8 µm) became lodged between the filamental hairs and setae of the antennules, 
furca and the swimming legs (DeMott and Watson, 1991; Mauchline, 1998). As these appendages 
have key roles in copepod function and behaviour, this may have repercussions for locomotion, 
ingestion, mating and mechanoreception, that may limit their ability to detect prey, feed, reproduce 
and evade predators. 
 
We found that the presence of 7.3 µm beads significantly reduced the amount of algae eaten by the 
copepod Centropages typicus, whereas 20.6 µm beads showed no discernible impact on algal 
consumption. This suggests C. typicus can preferentially feed upon algae over 20.6 µm beads (but 
could not differentiate between the algae and 7.3 µm beads), or, that only the smaller beads impact 
on copepod feeding (i.e. 7.3 µm beads are small enough to become entrapped between external 
appendages or be recurrently ingested). A similar finding has been observed with Acartia clausi and 
Calanus pacificus nauplii, which selectively fed upon small algae while avoiding larger beads, but 
could not discriminate between algae and beads of a similar size (Ayukai, 1987; Donaghay and Small, 
1979; Fernandez, 1979). We found that a concentration of 4,000 beads ml-1 was enough to result in 
significantly reduced algal ingestion rates. This relationship reached saturation at concentrations of 
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>5000 beads ml-1. Two previous studies have found similar results, where the ingestion rates of the 
copepod A. clausi (Ayukai, 1987) and C. pacificus (Fernandez, 1979) were significantly reduced by the 
presence of beads of a similar size to the algae. A reduction in algal feeding may have severe 
consequences for copepods, as limited energy intake, in particular with species that have minimal 
lipid reserves (e.g. Centropages, Acartia), could result in decreased fecundity and growth, or 
increased mortality (Ayukai, 1987; Dagg, 1977). We do not yet know whether 5000 particles ml-1 can 
be considered an environmentally relevant concentration for microplastics <10 µm in size. Perpetual 
fragmentation of plastic litter, coupled with the increasing popularity of household products 
containing microscopic plastic exfoliates (Fendall and Sewell, 2009), suggests marine plastic debris is 
becoming, on average, smaller over time (Andrady, 2011). However, due to the complexities of 
sampling and extraction, and in the absence of unified sampling methodologies, microplastics are 
still considered to be an under-researched fraction of marine litter, with no consistent data relating 
to plastic detritus <333 µm in diameter (Cole et al., 2011; Doyle et al., 2011; Hidalgo-Ruz et al., 
2012). Further, we must consider that microplastics made of polymers other than polystyrene, 
potentially laden with chemical additives or adhered contaminants, could result in different 
interactions with zooplankton with variable impacts on function.  
 
Our findings confirm that ingestion of marine microplastic debris by zooplankton in the ocean is 
feasible. Potential impacts include reduced function and health of the individual, trophic-transfer of 
contaminants to predators, and the egestion of faecal pellets containing microplastics. Better 
knowledge of the extent of microplastic contamination of oceans waters is now a research 
imperative.  
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Chapter Three: 
Microscopic plastic debris and zooplankton faecal pellets: implications for 
marine ecosystems 
 
Microscopic plastic debris, collectively termed ‘microplastics’, are prevalent in marine ecosystems 
across the globe, frequently occurring in surface waters where zooplankton flourish. Zooplankton can 
readily ingest microplastics, which are later egested within their faecal pellets. Faecal pellets are an 
important but variable contributor to the vertical flux of particulate organic matter (POM) from the 
euphotic zone. The impact of microplastics on this process is currently unknown. Here we test the 
hypothesis that microplastics can alter the properties and sinking rates of zooplankton faecal pellets. 
We exposed the copepod Calanus helgolandicus to natural prey and polystyrene microplastics, and 
subsequently assessed the volume, structural integrity and sinking rates of their faecal pellets. Our 
results show that when copepods feed upon natural prey and polystyrene microplastics, they produce 
faecal pellets with significantly reduced sinking rates and a higher propensity for fragmentation. We 
propose that low-density microplastics ( ≤ 1.05 g cm-3) have a buoying effect on zooplankton faecal 
pellets, reducing their rate of descent. We predict that microplastics have the potential to impact 
upon marine ecosystems in biologically productive waters with high levels of microplastic 
contamination.  
 
 
 
 
 
 
 
 
This chapter is a copy of my research paper: M Cole, P Lindeque, E Fileman, J Clark, C Halsband 
and T Galloway. Microscopic plastic debris and zooplankton faecal pellets: implications for 
marine ecosystems. The manuscript has been submitted to a peer reviewed journal. I conceived, 
designed and conducted the experiments, with input from PL, EF and TG; JC calculated 
microplastic load in the plankton diet; I was lead author on the paper, with inputs from TG and 
editorial assistance from PL, EF, JC and CH. 
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Research Letter 
Microscopic plastic debris, collectively termed ‘microplastics’, are prevalent in marine ecosystems 
across the globe, frequently occurring in surface waters where zooplankton flourish (Hidalgo-Ruz et 
al., 2012; Moore et al., 2001). Zooplankton can readily ingest microplastics, which are later egested 
within their faecal pellets (Cole et al., 2013). Faecal pellets are an important but variable contributor 
to the vertical flux of particulate organic matter (POM) from the euphotic zone (Turner, 2002). The 
impact of microplastics on this process is currently unknown. Here we test the hypothesis that 
microplastics can alter the properties and sinking rates of zooplankton faecal pellets. We exposed 
the copepod Calanus helgolandicus to natural prey and polystyrene microplastics, and subsequently 
assessed the volume, structural integrity and sinking rates of their faecal pellets. Our results show 
that when copepods feed upon natural prey and polystyrene microplastics, they produce faecal 
pellets with significantly reduced sinking rates and a higher propensity for fragmentation. We 
propose that low-density microplastics ( ≤ 1.05 g cm-3) have a buoying effect on zooplankton faecal 
pellets, reducing their rate of descent. Using estimates of global plastic production and net primary 
production rates, we predict that microplastics have the potential to impact upon marine 
ecosystems in biologically productive waters with high levels of microplastic contamination.  
 
Zooplankton encompass a range of free-floating heterotrophic organisms, including copepods and 
the larvae of commercially important fish, bivalve and decapods, that are ubiquitous within marine 
waters across the globe. They form a key trophic link between primary producers and the rest of the 
marine food web. Furthermore, zooplankton play an important role in marine nutrient cycling by 
consuming and subsequently repackaging POM (e.g. plankton, detritus) into compact faecal pellets 
that typically sink at faster speeds than POM alone (Buesseler et al., 2007; Small et al., 1979; Turner, 
2002). The sinking velocity of a faecal pellet is influenced by the viscosity, temperature, homogeneity 
and turbulence of the water column, the pellet’s size, shape, structural integrity and density 
(Buesseler et al., 2007; Small et al., 1979). Prey composition can significantly alter the density, and 
therefore the sinking rate, of a faecal pellet; for example, armoured phytoplankton, lithogenic 
material and anthropogenic radionuclides can have a ballasting effect on faecal pellets (Fowler et al., 
1987; Small et al., 1979). Sinking faecal pellets are subject to consumption (coprophagy), 
fragmentation (coprorhexy) and microbial decomposition (Buesseler et al., 2007; Iversen and 
Poulsen, 2007), and therefore only pellets with rapid rates of descent are likely to reach the benthos. 
This vertical flux of organic matter provides a source of food for deep-sea and sediment-dwelling 
organisms, and acts as a sink of atmospherically derived carbon (Buesseler et al., 2007; Small et al., 
1979). Zooplankton and their faecal pellets therefore play a major role in determining the fraction of 
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primary production exported from surface waters, and also the amount of POM that reaches the 
benthos.  
 
Here we address the hypothesis that the ingestion of microplastics will alter the physical properties 
and sinking rates of zooplankton faecal pellets. Gravitational settling of POM is a key process in the 
biological pump; the contribution of faecal pellets to this process is particularly sensitive to pellet 
density, which is largely influenced by prey composition (Kiørboe, 2008). Microplastics derive from 
the perpetual fragmentation of larger items of plastic litter (Andrady, 2011), or are manufactured to 
be of a microscopic size (e.g. exfoliates in personal care products) (Zitko and Hanlon, 1991). 
Microscopic plastic debris has been identified in aquatic and marine ecosystems across the globe 
(Cole et al., 2011): higher-density plastics (e.g. polyvinylchloride, polyamide) tend to sink close to 
source of input, while lower-density microplastics (e.g. polyethylene, polypropylene, polystyrene) 
are most prolific within the upper water column, where pelagic zooplankton typically feed (Hidalgo-
Ruz et al., 2012). Unlike other forms of anthropogenic litter, plastic can take decades, if not 
centuries, to mineralise (Andrady, 2011). A range of zooplankton taxa, including copepods, decapod- 
and bivalve-larvae, have the capacity to ingest microplastics (2–31 µm diameter), which are 
subsequently egested along with waste organic matter in membrane-bound faecal pellets (Cole et 
al., 2013; Setälä et al., 2014).  
 
We exposed the copepod Calanus helgolandicus to natural prey, with and without the addition of 20 
µm polystyrene microplastics. We used polystyrene in these experiment because it is found in 
abundance in surface waters and is of neutral buoyancy (Hidalgo-Ruz et al., 2012). Other commonly 
encountered polymers found in surface waters include polypropylene and polyethylene, with 
densities ranging 0.91–0.95 g cm-3, that in addition to polystyrene, constitute over 60% of European 
production (PlasticsEurope, 2013). The size, condition and sinking rate of egested faecal pellets was 
recorded using established methods (Fowler and Small, 1972; Smayda, 1969), with density 
calculated using Stoke’s Law, as adapted for faecal pellets (Komar et al., 1981). Despite the 
availability of biotic prey, the zooplankton readily ingested the polystyrene microplastics, which 
were then encapsulated within their faecal pellets (Figure 3.1A). There was no significant difference 
between the number (P = 0.64; Figure 1B) or volume (P = 0.17; Figure 3.2A) of faecal pellets 
produced between treatments. However, a significantly greater number of faecal pellets containing 
microplastics became fragmented during the exposure (P < 0.001; Figure 3.1B), indicative of reduced 
structural integrity. In the control group, faecal pellets had a settling velocity of 86.4 ± 4.0 m day-1 
and an average density of 1.26 g cm-3; faecal pellets containing polystyrene microplastics had 
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significantly lower sinking velocities (38.3 ± 2.6 m day-1; P < 0.001; Figure 3.2B), resulting from 
reduced pellet densities, averaging 1.13 g cm-3 (P < 0.001). Faster sinking rates were positively 
correlated with faecal pellet volume (Figure 3.2C).  
 
 
Figure 3.1. Microplastics can reduce the structural integrity of copepod faecal pellets. (A) A faecal pellet (FP), 
containing 20 µm polystyrene microplastic and undigested prey, egested by the copepod Calanus 
helgolandicus. (B) FP production rate per copepod, including the number of pellets which were fragmented 
during the exposure period (checked pattern). Error bars denote standard error (n = 5); asterisks indicate 
statistical significance (P < 0.001). 
 
Our results demonstrate that polystyrene microplastics can reduce the density, and consequently 
the sinking rates, of zooplankton faecal pellets. Microplastics were also shown to increase the 
likelihood of a faecal pellet breaking apart; based on the relationship between faecal pellet volume 
and sinking velocity (Figure 3.2C), we anticipate these fragments would sink more slowly still. A 
reduced rate of descent increases the probability that the faecal pellet will be recycled via 
coprophagy, coprorhexy and microbial degradation in the upper water column (Iversen and Poulsen, 
2007), which we predict will considerably reduce the proportion of pellets and sequestered organic 
material reaching the benthos (Figure 3.3). Ingestion of microplastic-laden faecal pellets may also 
have consequences for coprophagous biota. Although no studies have yet considered microplastic 
ingestion via coprophagy, the indirect consumption of microplastics via prey has been demonstrated 
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in langoustine predating on fish (Murray and Cowie, 2011), and mysid shrimp predating on 
mesozooplankton (Setälä et al., 2014). The ingestion of microplastics by marine biota can result in 
adverse health effects, including reduced feeding, the depletion of energetic reserves and 
heightened immune response (Cole et al., 2013; von Moos et al., 2012; Wright et al., 2013b). We 
could further expect that consumption of microplastic-laden pellets by coprophagous organisms 
would lead to further repackaging and recycling of microplastics within the marine trophic web 
(Turner, 2002). 
 
 
Figure 3.2. Microplastics can significantly affect the sinking rate of zooplankton faecal pellets. (A) The 
incorporation of 20 µm microplastics had no significant impact on faecal pellet (FP) volume. (B) However, 
polystyrene microplastics significantly reduced the sinking rates of the FP produced by the copepod Calanus 
helgolandicus. (C) FP sinking rates correlated with FP volume (linear regression: control, dashed line, R
2
 = 
0.21; plastic, solid line, R
2
 = 0.16). Treatments: control (white) and plastic (grey); error bars denote standard 
error (n = 5); asterisks indicate statistical significance (P < 0.001). 
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Figure 3.3. Predicted model of microplastic transport via zooplankton in the water column. [1] Zooplankton 
ingest low-density microplastics in the euphotic zone; [2] zooplankton vertically migrate and there egest 
these microplastics within their faecal pellets (FP); [3] normally FPs, full of densely packed organic material, 
will sink rapidly; [4] FP containing low-density microplastics sink significantly slower; [5] and are more prone 
to breaking up into smaller, slower-sinking pellet fragments, which are more susceptible to being eaten or 
degraded.  
 
The ecological relevance of our findings will largely depend on the relative abundance of 
microplastics and zooplankton. Marine microplastic debris is spatially heterogeneous, and the 
concentration of bioavailable (<50 µm) plastics that can be ingested by zooplankton is poorly 
documented (Cole et al., 2014; Hidalgo-Ruz et al., 2012). We estimated the flux of consumer plastic 
waste into marine environments relative to global material fluxes through copepods and other 
mesozooplankton taxa. Our calculation (see Estimating the influence of plastic litter on 
mesozooplankton diet) suggests that plastic debris is unlikely to be a significant contributor to the 
diet of zooplankton when compared with natural food sources across the oceans as a whole. 
However, it is probable that microplastics will have a considerable impact on faecal pellet flux at 
sites of high microplastic contamination or in regions of accumulation (e.g. convergence zones, 
oceanic fronts, gyres). At sites co-located with productive waters, where zooplankton are in 
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abundance, the potential then exists for microplastics to impact the local ecosystem significantly. 
These results emphasise the need to reconsider how discarded plastic waste is classified (Rochman 
et al., 2013). 
 
 
Methods 
 
Zooplankton collection 
Mesozooplankton were sampled using plankton nets (200 µm mesh) at L4, located in the English 
Channel 12 km south of Plymouth, UK (50° 15’N, 4° 13’W) in March 2013. Specimens were 
transported in insulated containers to Plymouth Marine Laboratory (PML) within two hours of 
sampling. For each trawl, adult female Calanus helgolandicus were identified under a dissecting 
microscope and then transferred to 1 L of lightly aerated, 0.22 µm filtered (Millipore) seawater for 
two hours, maintained at ambient sea-surface temperature (SST), to allow for full gut-depuration.  
 
Natural prey 
Concurrent with zooplankton collection, sea-surface water, containing natural assemblages of 
phytoplankton and organic matter, was collected from L4 in April 2013. The natural seawater was 
screened through a 100 µm mesh to remove mesozooplankton, stored within a 2 L carboy, and 
maintained at ambient sea-surface temperature prior to experimental use. Prey largely consisted of 
phyto-flagellates, as well as diatoms, Thalassiosira sp., and Emiliania huxleyi. 
 
Microplastics 
Polystyrene is one of the three most commonly occurring microplastic polymers found in sea-surface 
samples (Hidalgo-Ruz et al., 2012). Although the concentrations of small bioavailable microplastics 
(<100 µm) are poorly documented in marine samples, their presence in cosmetic products, waste 
water effluent and trawls has been widely reported (Cole et al., 2011). Here we used 20.6 µm 
diameter polystyrene (PS) beads (Fluka Analytical) as representative microplastics in all exposures. 
 
Exposures 
Two litre glass beakers were filled with 1750 mL of screened natural seawater (1650 phytoplankton 
mL-1). For microplastic treatments, 400 µL of PS beads were added (1000 microplastics mL-1), and 
an air-stone used to enhance mixing. Egg-production chambers, designed to limit egg cannibalism 
and coprophagy by separating adult copepods from their sinking eggs and faecal pellets, were 
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lowered into beakers, and five depurated C. helgolandicus introduced to each set-up (n = 5). 
Exposures were conducted in the dark at ambient SST for 12–15 hours. Post-exposure, the contents 
of each beaker were poured through a 20 µm mesh to retain faecal pellets; these were subsequently 
transferred to Petri-dishes for analysis. All copepods survived the exposure. 
 
Faecal pellet numbers and structural integrity 
Faecal pellets were examined under a dissecting microscope and the number of whole and 
fragmented pellets recorded. For calculation of total faecal pellet production, all fragmented faecal 
pellets were considered as a half pellet. 
 
Faecal pellet volume 
The length and diameter of a sub-sample of whole faecal pellets (n = 10 per replicate) were 
measured using an ocular micrometer in conjunction with an inverted light microscope (Olympus 
IMT-2). Measurements were used to calculate the equivalent cylindrical volume (V = πr2h) of the 
selected faecal pellets. 
 
Faecal pellet sinking rates 
Following volumetric measurement, the sinking rates (m day-1) of the sub-sampled faecal pellets 
were assessed using established methods (Fowler and Small, 1972; Smayda, 1969). Pellets were 
individually transferred via micropipette to a 1 L glass measuring cylinder, filled with autoclaved 
filtered seawater (0.2 µm, Millipore), maintained at 15°C within a controlled temperature 
laboratory. Low-energy lights and coloured backing sheets were arranged to aid visualisation of the 
faecal pellets. Pellets were allowed to sink for 100 mm to achieve a constant velocity and then their 
descent was timed over a 33 mm distance (i.e. between horizontal graticules on measuring cylinder). 
 
Faecal pellet density 
The density of each faecal pellet was calculated using Stoke’s Law, as modified for use with 
cylindrical shapes (i.e. faecal pellets) with low Reynolds numbers (Komar et al., 1981). 
 
Estimating the influence of plastic litter on mesozooplankton diet 
The importance of plastic litter for the diet of mesozooplankton can be estimated by comparing the 
flux of new plastic into marine environments, with estimates of oceanic primary production. Global 
demand for plastic currently exceeds 280 million tonnes per annum (PlasticsEurope, 2013), and it 
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has been considered that up to 10% of plastic waste ends up in the ocean (Thompson, 2006). 
Assuming that all of this is ultimately made available to mesozooplankton via the breakdown of 
larger plastic debris, this yields a flux of 2.8 x 1013 g of new plastic per annum. In contrast, global 
marine net primary production (NPP) is estimated to be 5 x 1016 g C per annum, while 
mesozooplankton (including copepods) are estimated to consume approximately 5.5 x 1015 g of 
phytoplanktonic carbon per annum (Calbet, 2001), in a diet that it is also supplemented with 
microzooplankton, bacteria, and detrital particles. Assuming phytoplankton to be 50% carbon by 
mass (dry), the flux of new plastic entering the oceans each year is then approximately 0.03% and 
0.3% (by mass) of NPP, and the fraction of NPP consumed by mesozooplankton, respectively. While 
these number suggest that the flux of new plastic entering the oceans each year is small relative to 
material flows through the system, as plastic degrades slowly and can therefore be assumed to 
accumulate over time (Andrady, 2011), it seems likely that close to source regions, or within areas of 
accumulation, plastic concentrations may become comparable to those of natural mesozooplankton 
prey sources, as suggested by field-studies conducted in oceanic gyres (Moore et al., 2001). 
 
Statistical analysis 
Data is presented as mean ± standard error. Student’s t tests were used to compare between 
treatments. Regression analysis (Microsoft Excel) was used to establish the relationship between 
faecal pellet volume and sinking rates. Significant difference attributed where P ≤ 0.05. 
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Chapter Four: 
The impact of microplastics on feeding, function and fecundity in the 
copepod Calanus helgolandicus 
 
Microscopic plastic debris, termed ‘microplastics’, are of increasing environmental concern. Recent 
studies have demonstrated that a range of zooplankton, including copepods, can ingest 
microplastics. Copepods are a globally abundant class of zooplankton that form a key trophic link 
between primary producers and the rest of the marine food web. Here we demonstrate that 
ingestion of microplastics can significantly alter the feeding capacity of the pelagic copepod Calanus 
helgolandicus. Exposed to 20 µm polystyrene beads, at a concentration of 75 microplastics mL-1 for 
24 hours, C. helgolandicus ingested 11% fewer algal cells and 40% less carbon biomass. There was a 
net downward shift in the mean size of algal prey consumed (P < 0.001), with a 3.6 fold increase in 
ingestion rate for the smallest size class of algal prey (11.6–12.6 µm), suggestive of post-capture or 
post-ingestion rejection. Prolonged microplastic exposure significantly decreased reproductive output 
(egg hatching success and survival), but there were no significant differences in egg production rates, 
metabolism (respiration) or survival. We constructed a conceptual carbon budget showing that 
microplastic-exposed copepods suffer energetic depletion over time. We conclude that copepods are 
altering their feeding strategy to avoid ingesting microplastics, which over time could lead to 
sustained reductions in ingested carbon biomass.   
 
 
 
 
 
 
  
This chapter is a copy of my research paper: M Cole, P Lindeque, E Fileman, C Halsband and T 
Galloway. The impact of microplastics on feeding, function and fecundity in the copepod 
Calanus helgolandicus. The manuscript has been submitted to a peer reviewed journal. I 
conceived, designed and conducted the experiments, with input from PL, EF and TG; I was lead 
author on the paper, which received editorial assistance from PL, EF, CH and TG. 
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Introduction 
Over the past 50 years plastic litter has become an increasingly conspicuous presence within marine 
ecosystems (Thompson et al., 2004). While the risks that larger plastic debris pose to marine life are 
well documented (Derraik, 2002), we are only just beginning to understand how microscopic plastic 
debris, termed ‘microplastics’, may be impacting upon aquatic organisms (Cole et al., 2011; Wright 
et al., 2013c). Microplastics describe plastic granules, beads, fragments and fibres <1 mm in 
diameter, either manufactured to be microscopic in size or derived from the fragmentation of larger 
plastic debris following prolonged degradation (Andrady, 2011). Microplastic litter has been 
identified in aquatic environments across the globe (reviewed by Hidalgo-Ruz et al. (2012) 
prompting increasing levels of regulation (Zampoukas et al., 2012). The abundance of microplastic 
debris is both temporally and spatially variable, and is subject to the influence of tide, wind and 
wave action, the effects of upwelling and oceans currents (Browne et al., 2010; Lattin et al., 2004; 
Maximenko et al., 2011; Sadri and Thompson, 2014). The highest reported waterborne 
concentrations of microplastics (>80 µm) exceed 100,000 items m-3; however, there is little data 
relating to microplastics <80 µm in size (Norén, 2007). The primary risk associated with microplastics 
are their bioavailability to marine organisms; a range of marine biota, including fish (Lusher et al., 
2012), seabirds (van Franeker et al., 2011), benthic polychaetes (Wright et al., 2013b) and 
zooplankton (Cole et al., 2013; Setälä et al., 2014) have the capacity to ingest microplastics. 
Consumption of microplastics can result in adverse health impacts including reduced feeding (Cole et 
al., 2013), loss of energetic reserves (Wright et al., 2013b), reduced fecundity and survival (Lee et al., 
2013), and potentially the transfer of toxic additives and adhered waterborne pollutants to 
organisms, although this latter process is under some debate (Bakir et al., 2014; Koelmans et al., 
2014; Koelmans et al., 2013). Microplastics may have wider ecological impacts, by providing an 
artificial substrate for microbial colonisation (Carson et al., 2013; Zettler et al., 2013) and oviposition 
of pelagic insects (Goldstein et al., 2012), and by altering the properties of zooplankton faecal pellets 
which have a key role in marine nutrient cycling (Cole et al., in preparation).  
 
In this study we consider the impact of microplastics on zooplankton feeding, function and 
fecundity, using the pelagic copepod Calanus helgolandicus. C. helgolandicus are a keystone species 
within marine waters throughout Europe and the northeast Atlantic, where they can constitute up to 
90% of mesozooplankton biomass (Bonnet et al., 2005). Their large size, high lipid content and 
abundance make C. helgolandicus a vitally important prey species for the larvae of a number of 
commercially important fish. A long-term time series conducted at L4, a study site in the western 
English Channel (www.westernchannelobservatory.org.uk), has mapped the seasonal changes in C. 
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helgolandicus numbers and egg production rates since 1988: large-scale changes are largely 
indicative of food availability (Pond et al., 1996), with peak egg production occurring shortly after 
the annual spring bloom (Eloire et al., 2010). A copepod’s reproductive output may also change 
acutely as a result of toxicity or stress; for example, following the ingestion of toxic diatoms (Miralto 
et al., 1999) or metal contaminated algae (Bielmyer et al., 2006), or exposure to persistent organic 
pollutants (Buttino, 1994). Cole et al. (2013) showed that zooplankton, including C. helgolandicus, 
can ingest microplastics of a similar size range to algal prey (7–30 µm), whilst smaller microplastics 
<5 µm can externally adhere to a copepod’s functional appendages. The feeding capacity of the 
copepod Centropages typicus was significantly reduced in the presence of >4000 microplastics mL-1. 
As feeding is fundamental to the energetic requirements of copepods, this suggests that exposure to 
microplastics may negatively impact upon zooplankton health by reducing feeding in exposed 
animals. 
Here we test the hypothesis that exposure to microplastics will alter the ingestion of algal prey by 
the copepod C. helgolandicus. Our study design incorporated 24-hour feeding assays using 20 µm 
polystyrene microplastics at a concentration of 75 particles mL-1. We subsequently conducted a nine-
day exposure to determine the impact of microplastics upon reproductive and metabolic function. 
The results were used together with literature derived data to construct a conceptual model of the 
energetic costs to the animals based on carbon budgets. 
 
Materials and methods 
 
Copepod sampling 
Zooplankton were sampled from L4 in the western English Channel (50°15′N, 4°13′W) using 200 µm 
plankton nets in July and August 2013. Samples were transported within insulated boxes, containing 
2 L of natural seawater, to Plymouth Marine Laboratory (Plymouth, UK) within three hours of 
sampling. Adult female C. helgolandicus were identified under a dissecting microscope and 
transferred to experimental chambers using stork-billed forceps. Experiments were conducted in 
controlled temperature laboratories matched to the ambient sea surface temperature (SST) of 17.5 
± 0.5 °C.  
 
Algal prey 
Thalassiosira weissflogii is a non-toxic, unicellular centric diatom recognised as a prey species for 
adult Calanus (Harris et al., 1986; Huntley et al., 1983a; Koski et al., 2008). Cultures of T. weissflogii 
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(CSAR – Swansea University) were maintained on F/2 media with silica, at 15°C under a 16:8 light 
dark regimen; media was refreshed weekly to allow for optimal growth conditions. Algal size, cell 
density and biovolume were quantified daily using a MultisizerTM 3 coulter counter® (Beckman). 
Carbon biomass of algal prey was estimated using a literature derived conversion factor of 5 nL 
biovolume  1 µg C (Jones et al., 2002). 
 
Treatments 
For all exposures, C. helgolandicus were maintained in 0.2 µm filtered seawater (FSW) containing 
only T. weissflogii (250 µg C L-1) for controls, or T. weissflogii (250 µg C L-1) and microplastics (75 
beads mL-1) for microplastic treatments. We used 20.0 µm unlabelled polystyrene (PS) beads (Sigma-
Aldrich) since polystyrene is ubiquitous within sea-surface samples collected from across the globe 
(Hidalgo-Ruz et al., 2012), and this size of microplastics has previously been shown to be readily 
ingested by these copepods (Cole et al., 2013). Stock solutions (10 L) were prepared daily, and algal 
cell density, algal biovolume and the microplastic concentration of each stock solution were verified 
using a MultisizerTM 3 coulter counter® (Beckman) prior to experimentation. 
 
Ingestion rate 
A 24-hour feeding study was conducted to measure the impact of microplastics on C. helgolandicus 
ingestion rates. Half-litre glass bottles were filled to the brim (total volume: 617 mL) with either 
control or microplastic enriched stock solution (n = 5 per treatment). Five adult female C. 
helgolandicus were added to each bottle. Additional bottles (n = 3) containing no copepods or 
microplastics were set up to measure algal growth without predation. All bottles were secured to a 
rotating plankton wheel (<5 rpm), and left for 24 hours in the dark at ambient SST. Post-exposure, 20 
mL sub-samples were taken from each bottle and immediately analysed using coulter counter to 
quantify final algal density, algal biovolume and microplastic concentration. The equation of Frost 
(1972) was applied to calculate C. helgolandicus ingestion rates of both T. weissflogii (cells copepod-1 
day-1 and µg C copepod-1 day-1) and microplastics (beads copepod-1 day-1). To reveal size selectivity,   
ingestion rates were calculated for five 1.1 µm size intervals, encompassing the size range of T. 
weissflogii cells (11.6–17.0 µm).  
 
Extended exposure 
A nine-day exposure was employed to gauge the impacts of microplastics on C. helgolandicus egg 
production rates, egg size, hatching success, respiration rates and survival. To ensure only healthy, 
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fertile copepods were used, C. helgolandicus (n = 60) were individually placed in 25 mL beakers 
containing FSW with T. weissflogii and left overnight; only copepods that survived and produced 
eggs were selected for subsequent exposures. On initial set-up, 1.8 L of control stock solution was 
poured into 2 L beakers. Egg-production chambers (plexi glass cylinders with a 200 µm mesh base) 
were inserted into each beaker; these chambers allow eggs and faecal pellets to sink to the bottom 
of the beaker, but preclude adult copepods, thereby minimising egg cannibalism. Groups of four 
healthy, egg-producing C. helgolandicus (prosome length: 2.24 ± 0.1 (control); 2.27 ± 0.1 mm 
(microplastic treatment)) were transferred to each beaker (n = 10), and chambers covered with 
loosely fitting lids to prevent airborne contamination. Exposures were conducted under a 16:8 light 
dark regimen at ambient SST. Every 24 hours egg-production chambers (containing the copepods) 
were tapped to displace eggs and then transferred to beakers containing fresh media. On days one–
three, all copepods were maintained on T. weissflogii (without microplastics) to acclimate copepods 
to experimental conditions and ascertain baseline egg production, hatching success and egg size. 
From day four, treatments diverged, with half the copepod groups maintained on only T. weissflogii 
as controls (n = 5), and the other half exposed to T. weissflogii and microplastics (n = 5). Microplastic 
uptake was verified by visually checking the faecal pellets egested by the copepods.  
 
Egg production rate, egg size and hatching success  
The average egg production rate (eggs copepod-1 day-1) of the copepods was assessed daily. Eggs and 
nauplii were collected by pouring the contents of each beaker (after removal of copepods) through a 
50 µm mesh. Retained material was carefully washed into gridded Petri dishes, and then eggs and 
nauplii systematically quantified under a dissection microscope.  
 
Mean egg size (µm) was determined on days three, five, seven and nine. Eggs were visualised under 
high magnification (Olympus IX71) and 10 healthy eggs (i.e. circular with no obvious signs of 
deformation) per replicate selected for assessment. Egg diameter was measured across two planes, 
using cellSens software (Olympus).  
 
Average hatching success (%) was assessed using eggs collected on days two, four, six and eight. 
Following egg counts, Petri dishes were loosely covered to avoid evaporative loss, and then stored at 
ambient SST under a 16:8 light dark regimen. After 48 hours a dissection microscope was used to 
visualise and quantify any unhatched eggs present, and values compared with initial egg and nauplii 
numbers. 
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Respiration rate  
The oxygen consumption rate (µL O2 copepod
-1 day-1) of copepods was assessed on day 10 as a proxy 
for standard metabolic rate. Small glass vials (volume: 2.14 mL) fitted with oxygen-sensitive optical 
sensor patches were filled with well-aerated control or microplastic-enriched stock solution, and 
individual C. helgolandicus introduced (n = 10 per treatment). Additional vials were set up without 
copepods (i.e. blanks) to establish the oxygen consumption rates of the algae present within the 
FSW (n = 5). Bungs were fitted carefully, ensuring air-bubbles were excluded, and vials transferred to 
a water-bath maintained at 17.7 ± 0.1°C. The internal oxygen concentration (µmol O2 L
-1) of each vial 
was non-invasively measured by scanning the optical sensor patches with an optrode (Fibox 3 LCD 
trace). Measurements were taken every 30 minutes until oxygen saturation was <70%. Vials in which 
C. helgolandicus had died were excluded from further analysis. The oxygen consumption rate of each 
copepod was calculated for the time-range (≥60 minutes) in which oxygen depletion was most 
consistent (i.e. R2 ≥ 0.99), taking into account comparative mean oxygen decline measured in blanks.  
 
Survival rate  
The number of live C. helgolandicus specimens remaining in each chamber was recorded daily. Dead 
copepods were removed from treatments. 
 
Carbon budget 
Biomass and energetic transfer can be estimated using carbon (Mauchline, 1998). Values for 
ingested carbon biomass were calculated as previously described (2.2 Algal prey). We further 
applied literature derived conversion factors to our experimental data to estimate the energetic 
costs (µg C copepod-1 day-1) of [A] reproduction, [B] metabolism and [C] egestion. [A]: The average 
carbon biomass of the eggs was estimated using their mean equivalent spherical volume (day 7) and 
a literature derived conversion factor of 0.14 pg C µm-3 (Kiørboe and Sabatini, 1995); reproductive 
costs were calculated by multiplying egg carbon biomass with average egg production rate (day 7). 
[B]: Metabolic carbon consumption was calculated using average respiration rates (day 9) and 
established conversion metrics (Harris et al., 2000). [C]: Elemental (CHN) analysis of collected faecal 
pellets was confounded by the presence of the PS microplastics. We therefore estimated losses 
through egestion as 40% of ingested carbon biomass, based upon a food absorption factor of 0.60 
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estimated for the copepod Acartia tonsa fed upon T. weissflogii at concentrations of 250 µg C L-1 
(Thor and Wendt, 2010).  
 
Statistical analysis 
Data is presented as mean ± standard error. Student’s t tests were used to compare ingestion rates, 
reproductive outputs and respiration rates between treatments and dates, with significant 
difference attributed where P ≤ 0.05. Regression analysis was used to analyse oxygen consumption 
rates.  
 
Results 
 
Treatments 
For the ingestion experiments, algal prey and microplastic stock concentrations were 234 µg C L-1 
and 73 beads mL-1 respectively. During the nine-day exposure, stock concentrations averaged 245 µg 
C L-1 of T. weissflogii, and 65 PS beads mL-1 in microplastic-enriched solutions.  
 
Ingestion rate 
In the control group, C. helgolandicus ingested 51,500 cells copepod-1 day-1 on average; 
comparatively, copepods exposed to microplastics ingested 45,700 cells copepod-1 day-1 (P = 0.33; 
Figure 4.1A). Copepods exposed to the microplastics ingested 3,278 ± 306 PS beads copepod-1 day-1. 
Calculated as carbon biomass, individuals in the control group ingested 16.0 µg C copepod-1 day-1, 
whereas copepods exposed to microplastics ingested 9.7 µg C copepod-1 day-1 of prey (P < 0.01; 
Figure 4.1B). We identified a distinct shift in the size of prey ingested by copepods in the 
microplastics treatment. Experimental solutions contained a normal distribution of T. weissflogii, 
ranging from 11.6 to 17.0 µm in diameter (Figure 4.1C). C. helgolandicus exposed to control solution 
ingested all size classes of T. weissflogii, with a preference for the most abundant 13.8–14.8 µm 
diameter algae (Figure 4.1D). Copepods exposed to 20.0 µm microplastics, in contrast, consumed 
only the smallest available prey, with a preference for algae 12.7–13.7 µm in diameter (P < 0.001; 
Figure 1D). 
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Figure 4.1.  Algal ingestion rates of T. weissflogii by C. helgolandicus (n = 5), by (A) cell number (cells x 10
3
 
copepod
-1
 day
-1
) and (B) biomass (µg C copepod
-1
 day
-1
). (C) Average algal availability (µg C L
-1
) in control and 
microplastic-enriched FSW shows a normal distribution by size. (D) The size of algae preferentially ingested 
by copepods significantly differs between treatments. Treatments: control (white) and microplastic-enriched 
(grey). Data expressed as mean ± standard error; asterisks denote significant difference from control (*P < 
0.05; ** P < 0.01; *** P < 0.001). 
 
Egg production rates 
During the acclimation period (days 1–3), in the absence of microplastics, C. helgolandicus produced 
9.3 ± 4.3 (control) and 10.5 ± 1.0 (microplastic) eggs copepod-1 day-1 (Figure 4.2A). By the final 
trimester of the exposure (days 7–9), egg production rates had risen to 13.7 ± 1.4 (control) and 15.5 
± 1.3 (microplastic) eggs copepod-1 day-1. This constituted a significant 47.5% increase in average 
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egg production rates for copepods in both treatments (P < 0.01). There were no significant 
differences in egg production rates between controls and microplastic-exposed treatments in any 
trimester of the exposure (days 1–3, P = 0.21; days 4–6, P = 0.11; days 7–9, P = 0.19). 
 
Egg size  
C. helgolandicus egg diameters averaged 177.6 ± 2.2 (control) and 177.9 ± 0.8 (microplastic) µm 
during the acclimation period, (day 3, P = 0.30; Figure 4.2B). By day five, average egg size had 
increased significantly (P < 0.05) to 182.4 ± 3.5 (control) and 182.6 ± 2.1 (microplastic), with no 
significant differences between treatments (day 5, P = 0.45). In the latter half of the study 
microplastic exposed copepods produced significantly smaller eggs than those laid by control 
specimens (day 7: 185.1 ± 1.7 (control) and 180.4 ± 1.4 (microplastic), P < 0.001; day 9: 183.4 ± 0.7 
(control) and 179.5 ± 0.9 (microplastic), P < 0.001). 
 
Hatching success 
In the first half of the study, C. helgolandicus egg hatching success averaged 82.8–90.7% (Figure 
4.2C), with no significant differences between control and microplastic treatments (day 2, P = 0.45; 
day 4, P = 0.24). On day six the hatching success of microplastic exposed copepods dropped to 63.6 ± 
10.1%, a significantly lower egg hatching success than the 85.1 ± 8.4% hatching success observed 
with control eggs (day 6, P < 0.05). By day eight the hatching success of control eggs dropped to 64.5 
± 11.0%, closely matching the 66.3 ± 16.3% egg hatching success of microplastic exposed copepods 
(day 8, P = 0.42). 
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Figure 4.2. Average daily (A) egg production rates, (B) egg diameter and (C) hatching success of C. 
helgolandicus (n = 5). Treatments: control (white) and microplastic-enriched (grey). Data expressed as mean 
± standard error; asterisks denote significant difference from control (* P < 0.05; ** P < 0.01; *** P < 0.001). 
Light grey background indicates introduction of PS beads in microplastic-enriched treatment (Day 4 
onwards). 
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Figure 4.3. (A) Average oxygen consumption rate of C. helgolandicus indicates no significant difference in 
metabolic function of copepods in differing treatments. (B) Cumulative number of dead copepods 
(mortality) increased in microplastic treatment on day four following the addition of microplastics, while 
there were no deaths during this period in the control treatment. Treatments: control (white) and 
microplastic-enriched (grey). Data expressed as mean ± standard error; asterisks denote significant 
difference from control (*P < 0.05; ** P < 0.01; *** P < 0.001). Light grey background indicates introduction 
of PS beads in microplastic-enriched treatment (day 4 onwards).  
 
Respiration  
Active metabolic rate for C. helgolandicus specimens averaged 0.7 (control) and 0.7 (microplastic) µL 
O2 copepod
-1 day-1, with no significant difference between treatments (P = 0.31; Figure 4.3A).  
 
Copepod mortality 
Across treatments, three copepods died during the acclimation period (days 1–3; Figure 4.3B). Two 
copepods died following the introduction of microplastics on day four, and a further three copepods 
died in the microplastic treatment on days eight and nine. No copepods exposed to control media 
died during this same time period. 
 
Carbon budget 
A conceptual carbon budget (Figure 4.4) was constructed using experimental data, collated from the 
feeding study (ingestion and egestion) and nine-day exposure (reproduction and metabolism), and 
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literature derived conversion factors. These estimated values indicate copepods fed only T. 
weissflogii (controls) could expect energetic losses of -4.4 ± 3.4 µg C copepod-1 day-1, while 
microplastic exposed copepods are predicted to suffer two-fold greater energetic losses, in the 
region of -9.1 ± 3.7 µg C copepod-1 day-1. 
 
 
Figure 4.4. Conceptual carbon budget for C. helgolandicus in the absence or presence of microplastics. 
Arrows indicate energetic inputs and outputs (µg C copepod
-1
 day
-1
). Values estimated using experimental 
data and literature derived conversion factors. Data displayed as mean ± standard error. Budget: -4.4 ± 3.4 
µg C copepod
-1
 day
-1
 (control); -9.1 ± 3.7 µg C copepod
-1
 day
-1
 (microplastic). 
 
Discussion 
Our results demonstrate that microplastics can have a significant impact on copepod health. 
Exposed to <75 polystyrene microplastics mL-1, the ingestion rate of C. helgolandicus was 
compromised, with significant reductions in ingested carbon biomass owing to a shift in the size of 
algal prey consumed from 11.6–17.0 µm to 11.6–14.8 µm. Prolonged exposure to microplastics 
resulted in copepods producing smaller eggs with reduced hatching success. No significant changes 
to egg production rate or oxygen consumption rates were observed. We conclude that microplastics 
interfere with copepod feeding, and sustained reductions in ingested carbon biomass will result in 
energetic deficiencies and hence reduced growth.   
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Microplastics impeded algal ingestion in copepods over 24 h. We observed an 11% reduction in the 
number of algal cells and 40% reduction in carbon biomass ingested by microplastic exposed 
copepods. Previously, we identified that >4000 microplastics mL-1 could impact the ingestion rate of 
natural algae by the copepod Centropages typicus (Cole et al., 2013), and Ayukai (1987) found 2000 
microplastics mL-1 could markedly reduce the ingestion rates of 5.6 and 13.4 µm algae by the 
copepod Acartia clausi. Therefore, our results provide the first evidence that copepod feeding can 
be significantly impacted at concentrations of <75 microplastics mL-1. 
 
The reduction in ingested carbon biomass can be attributed to a small, albeit significant, shift in the 
size of algae consumed by copepods exposed to microplastics: offered only algal prey, C. 
helgolandicus ingested all sizes (11.6–17.0 µm) of T. weissflogii in proportion to its availability, 
whereas copepods fed upon algae with 20.0 µm PS microplastics ingested only 11.6–14.8 µm algae. 
Considering the diverse size of diatoms, phytoplankton and microzooplankton in the marine 
environment, periodic shifts in prey size are fundamental for the survival of copepods such as C. 
helgolandicus (Fileman et al., 2007). However, the change in prey size seen here suggests that the 
copepods are altering their feeding strategy to avoid ingesting microplastics. Zooplankton display a 
range of feeding behaviours, including ambush-, raptorial- and filter-feeding (Mauchline, 1998). C. 
helgolandicus are filter-feeders, which use their external appendages to create feeding currents that 
indiscriminately draw waterborne particulates towards the copepod; prey is retained by setae on the 
maxillae (feeding appendages) and subsequently brought to the mouthparts for ingestion (Frost, 
1977; Mauchline, 1998; Meyer et al., 2002). Filter-feeding copepods, including C. helgolandicus, can 
demonstrate limited size-based prey selectivity, evidenced by preferential feeding on larger algae 
(which contain higher concentrations of carbon and nitrogen) when presented with mixed prey 
assemblages (Irigoien et al., 2000; Meyer et al., 2002). Frost (1977) hypothesises size-selectivity is 
inherent to these copepods, occurring because the setal spacing on a copepod’s maxillae filters 
larger particles with greater efficiency.  
 
But the limitation of this size selectivity is apparent in copepods exposed to microplastics, with 
neither Calanus pacificus nor A. clausi being able to differentiate between microplastic beads and 
algae of a similar size (Ayukai, 1987; Frost, 1977). As mechanical size selection normally results in the 
indiscriminate ingestion of larger particulates, we conclude that microplastic exposed C. 
helgolandicus consuming only the smallest available prey are displaying an alternate mechanism of 
prey selectivity. Donaghay and Small (1979) had comparable results to our study using the copepod 
Acartia clausi, which they identified was able to preferentially feed upon 14 µm algae in the 
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presence of 20 µm latex beads. The authors hypothesised that A. clausi were demonstrating post-
capture rejection. Microplastics might also be rejected post-ingestion, as evidenced in Eurytemora 
affinis (Powell and Berry, 1990). A better understanding of the mechanisms of selectivity against 
microplastics remains an important research gap for future studies.  
 
Despite the observed shift in prey size selectivity, we found that C. helgolandicus readily ingested 
microplastics. Data from the 24 h feeding study indicates C. helgolandicus ingested >3000 
microplastics copepod-1 day-1, which were subsequently visible in their faecal pellets. While several 
studies have shown zooplankton cannot discriminate against microplastics, these experiments have 
used exposure concentrations of 4000–25000 (Cole et al., 2013), 1000–10000 (Setälä et al., 2014) 
and 5.25x105–9.1x1011 (Lee et al., 2013) microplastics mL-1. Here, our results show that copepods 
ingest microplastics at 75 microplastics mL-1 even with prey readily available. Microplastics of this 
small size are used in personal care products (Fendall and Sewell, 2009) and can be released from 
fabrics (Browne et al., 2011). Microplastics further derive from the perpetual fragmentation of larger 
plastic debris (Andrady, 2011), and it is therefore hypothesised that smaller microplastics will be 
found in greater concentrations. The vast majority of microplastic sampling studies utilise 333 µm 
Neuston nets. The highest reported concentration of microplastics sampled using this method is 18 
plastics m-3 (Lattin et al., 2004). However, in using an 80 µm net to sample Swedish coastal waters 
near an industrial site, Norén (2007) found 102,000 microplastics m-3. The complexities of sampling 
smaller, bioavailable waterborne particulates means there is currently no direct data on the 
abundance of 20 µm microplastic debris (Cole et al., 2014; Hidalgo-Ruz et al., 2012). Nevertheless, 
this study is clear in demonstrating the capacity for this widespread contaminant to cause significant 
harm to marine copepods at sites with a high plastic load (e.g. urban coastlines, gyres, area of 
confluence). 
 
The energetic costs of producing healthy eggs means the reproductive success of copepods is 
intrinsically linked with their feeding (Kiørboe et al., 1985; Pond et al., 1996). In adult Acartia, up to 
85% of carbon biomass attained from food is used towards growth (i.e. egg production in adult 
females) (Kiørboe, 2008). Across numerous copepod species, provision of higher prey concentrations 
or prey of greater nutritional value is associated with higher egg production rates and better rates of 
hatching success (Mauchline, 1998). However, the consumption of some algal species, in particular 
diatoms containing toxic aldehydes, can cause reproductive failure: for example, C. helgolandicus 
that feed upon Skelotenema costatum or Pseudo-nitzschia delicatissima can have reduced egg 
viability and produce high numbers of deformed nauplii (juveniles) (Miralto et al., 1999), while 
81 
 
Lacoste et al. (2001) found ingestion of toxic diatoms can lead to female sterilisation as a result of 
gonad atresia. The sensitivity of copepod egg production and viability in response to food and 
environmental conditions, and their importance for secondary production, make these variables apt 
biomarkers of health (Laabir et al., 1995).  
 
We found that when exposed to microplastics copepods produced significantly smaller eggs with 
reduced hatching success. These effects were most noticeable three–four days after the 
introduction of microplastics to the treatment; this lag can be attributed to the rate of oogenesis 
(egg production), which typically occurs over a matter of days in calanoid copepods (Laabir et al., 
1995; Smith and Hall, 1980; Tester and Turner, 1990). As the size of an egg is proportional to its 
carbon biomass, we conclude that the significant reduction in egg volume on days seven and nine 
resulted from reduced ingested carbon biomass (owing to microplastic exposure) of the adult 
copepods. A drop in hatching success on day six likely results from this reduction in egg carbon 
biomass, however, maternal stress may also influence egg viability, and we propose this might be 
explored using molecular analysis in future work. Lee et al. (2013) found that when exposed to 0.5 
and 6 µm microplastics, the number of nauplii which hatched from eggs produced by the benthic 
copepod Tigriopus japonicus was significantly reduced. Further, Pacific oysters exposed to 
microplastics during oogenesis have been shown to produce significantly fewer and smaller oocytes 
than observed in controls (Suquet et al., 2014). In both treatments, egg production rates increased 
during the exposure. We believe this stems from the provision of algae at 250 µg C L-1, exceeding the 
energetic requirements necessary to support maximal growth rates in C. helgolandicus (Bonnet et 
al., 2005). Furthermore, we associate reduced hatching success on the final two days of the 
exposure with the use of a monoalgal diet; using a single algal species was necessitated by the 
experimental design, however, over prolonged periods monoalgal feeding can result in a shortfall of 
polyunsaturated fatty acids and amino acids required for sustained copepod egg viability (Irigoien et 
al., 2000; Pond et al., 1996).  
 
Energy assimilated from food is required for growth (reproduction in adults), maintenance, 
metabolic processes and laying down energetic reserves (lipids). In the marine environment, prey 
concentrations are both spatially and temporally variable. When faced with starvation, zooplankton 
can adapt by decreasing metabolic rate or travelling further to increase prey encounter rates 
(Kiørboe, 2008; Tiselius, 1992). However, our data showed no significant differences in the metabolic 
rate of copepods in differing treatments.  
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We calculated a carbon budget using measures of metabolism, reproduction and ingestion. Values 
were converted into carbon biomass (µg C copepod-1 day-1) using literature derived conversion 
factors; while widely applicable, these conversion figures stem from studies with different 
experimental set-ups, and therefore resultant data must be considered as estimated. Nonetheless, 
the budget helps identify that microplastic exposed copepods will have much higher energetic 
deficiencies than controls, predominantly owing to the 40% reduction in ingested carbon biomass. 
When food is sparse, the lipid reserves of a copepod may be engaged to make-up the shortfall in 
energy (Benson and Lee, 1972; Lee et al., 1970). However, these reserves are limited, and wax esters 
and triglycerides contained within the lipids of C. helgolandicus may be depleted within three days of 
starvation. Wright et al. (2013b) identified prolonged microplastic exposure could result in energetic 
depletion in marine worms, with concurrent increases in phagocytic activity indicative of 
inflammation. Presuming microplastics are resulting in energetic deficiencies in copepods, we could 
expect their lipid reserves to be rapidly consumed, with repercussions for the health of the 
individual. Copepod deaths witnessed on days eight and nine in the microplastic treatment may well 
be the result of such energetic deficiencies. Recent research also indicates zooplankton survival may 
be significantly impacted when exposed to high microplastic concentrations (Kaposi et al., 2013; Lee 
et al., 2013). Energetic deficiencies and reduced survival in microplastic exposed copepods may also 
impact upon higher trophic organisms which rely on the high lipid content of copepods for their own 
sustenance. As such, we believe it is now increasingly important to better understand the density of 
bioavailable microplastics in biota-rich waters, and test whether environmentally relevant 
concentrations of plastic litter can impact keystone species, such as Calanus, including the 
consequences for commercially important predators.    
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Chapter Five: 
Isolation of microplastics in biota-rich seawater samples and marine 
organisms 
 
Microplastic litter is a pervasive pollutant present in aquatic systems across the globe. A range of 
marine organisms have the capacity to ingest microplastics, resulting in adverse health effects. 
Developing methods to accurately quantify microplastics in productive marine waters, and those 
internalised by marine organisms, is of growing importance. Here we investigate the efficacy of using 
acid, alkaline and enzymatic digestion techniques in mineralising biological material from marine 
surface trawls to reveal any microplastics present. Our optimised enzymatic protocol can digest >97% 
(by weight) of the material present in plankton-rich seawater samples without destroying any 
microplastic debris present. In applying the method to replicate marine samples from the western 
English Channel, we identified 0.27 microplastics m-3. The protocol was further used to extract 
microplastics ingested by marine zooplankton under laboratory conditions. Our findings illustrate 
that enzymatic digestion can aid the detection of microplastic debris within seawater samples and 
marine biota. 
 
 
 
 
 
 
 
 
This chapter is a reformatted copy of my publication: M Cole, H Webb, P Lindeque, E Fileman, C 
Halsband and T Galloway (2014). Isolation of microplastics in biota-rich seawater samples and 
marine organisms. Nature Scientific Reports. (4) 4528. I conceived, designed, and conducted the 
experimental work involved with this method development study, and was lead author on the 
paper; HW (BSc project student) assisted with the experimental work; PL, EF, CH and TG assisted 
with experimental design, and provided comments and edits to help shape the final manuscript. 
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Introduction 
Marine debris encompasses a range of anthropogenic material, including glass, wood, metals, fabrics 
and plastic (Derraik, 2002). As rates of plastic production are rising rapidly, and owing to the fact 
that plastic can take decades, if not centuries, to fully degrade, we consider that plastic litter is an 
ever increasing environmental issue (Andrady, 2011; Thompson et al., 2004). Of particular concern 
are microplastics: plastic fragments, fibres and beads <5 mm in diameter, manufactured to be 
microscopic in size, or derived from the degradation of larger plastic debris (Cole et al., 2011). This 
microplastic litter has been identified in marine habitats across the globe (Wright et al., 2013b), and 
more recently has been sampled in freshwater systems (Eriksen et al., 2013). A range of aquatic 
organisms including zooplankton (Cole et al., 2013), benthic invertebrates (Wright et al., 2013a), 
bivalves (Browne et al., 2008), fish (Lusher et al., 2012) and seabirds (van Franeker et al., 2011) have 
the capacity to ingest microplastics, which may result in reduced feeding, energetic deficiencies, 
injury or death. Further, the large surface area to volume ratio and hydrophobic properties of 
microplastics make them prone to adhering waterborne contaminants, which may dissociate post-
ingestion and cause toxicity (Bakir et al., 2012; Bakir et al., 2014). The combined risks that 
microplastics pose to marine life are now widely recognised, and in recent years microplastic litter 
has been included in both national and international marine protection strategies, policies and 
legislature (e.g. EU Marine Strategy Framework Directive (MSFD), NOAA Marine Debris Program). 
 
To monitor the spatial distribution and temporal trends of marine microplastic debris, it is vital that 
standardised protocols, capable of efficiently and accurately enumerating microplastics in a variety 
of habitats, are developed and implemented (Bowmer and Kershaw, 2010). Methodologies suitable 
for detecting microplastic debris in both sediments and the water column have been reviewed in 
detail by Hidalgo-Ruz et al. (2012). However, these sampling techniques will inevitably also collect 
biological material, sediment and detritus that can mask the presence of any microplastic litter 
present. With sediment samples, microplastic litter can be density-separated from surrounding silt 
and sediment using low-density salt (NaCl or NaI) solutions (Nuelle et al., 2014); recent work has 
further suggested the use of fluvial elutriation chambers to increase separation efficiencies 
(Claessens et al., 2013). Plankton sampling has been highlighted as an effective method for collecting 
microplastic debris within the pelagic (Frias et al., 2014; Ivar do Sul and Costa, 2014). Samples taken 
from unproductive waters (e.g. oligotrophic oceanic gyres) typically contain low quantities of 
biological material, so identifying and isolating any microplastic debris can be done without the need 
for any separation techniques (Doyle et al., 2011; Goldstein et al., 2013; Law et al., 2010; Moore et 
al., 2001). However, samples collected from highly productive waters (e.g. coastlines, convergence 
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zones, etc.) can be full of plankton (Figure 5.1a), limiting our ability to observe and pick out any 
microplastics present. Developing methods that can be used to isolate microplastics from large 
volumes of biological material is currently a research priority (Hidalgo-Ruz et al., 2012).  
 
 
Figure 5.1. Digestion protocols can be applied to marine samples to remove biological material: (a) 
zooplankton collected from a 500 m sub-surface trawl following desiccation; the remnants of 0.2 g DW 
marine samples following (b) optimised alkaline and (c) optimised enzymatic digestion. 
 
One of the main environmental risks associated with microplastics is their bioavailability to marine 
organisms. A number of studies have shown that microplastics can be ingested by marine biota 
under laboratory conditions; however, there is limited data relating to the biological uptake of 
microplastics in-situ. When studying larger field-collected organisms, including fish (Lusher et al., 
2012) and crustaceans (Murray and Cowie, 2011), the intestinal tract can be dissected and any 
internalised microplastics enumerated. van Franeker et al. (2011) have routinely applied this method 
with ocean-foraging Fulmars, providing important, novel data relating to microplastic concentrations 
at sea. However, dissection is less applicable for animals such as zooplankton and mussels, which 
can consume extremely small (2–31 µm diameter) microplastics (Browne et al., 2008; Cole et al., 
2013) that are not visible to the naked eye. Bio-imaging techniques including coherent anti-Stokes 
Raman scattering (CARS) microscopy (Cole et al., 2013) have previously been employed to visualise 
the distribution of tiny microplastics internalised by zooplankton, but this method is time-intensive 
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and can be hindered by algal pigments in natural specimens. Recently, Claessens et al. (2013) trialled 
the use of nitric acid to digest mussels to reveal ingested microplastics but found this caustic 
treatment destroyed some pH-sensitive polymers. As such, an alternate method is needed if a 
greater range of field-collected organisms are to be comprehensively bio-monitored for microplastic 
contamination. 
 
In this study, we developed, optimised and validated a rapid and efficient protocol for digesting 
biological material without destroying microplastics. We compared the use of acid (HCl), alkaline 
(NaOH) and enzymatic (Proteinase-K) digestion treatments on plankton-rich seawater samples and a 
range of microplastics. We applied the optimised enzymatic protocol to replicate sub-surface 
seawater samples to isolate, enumerate and identify the microplastic debris present. We further 
used the enzymatic digestion protocol to reveal and quantify microplastics ingested by marine 
zooplankton.  
 
Materials and methods 
 
Zooplankton sampling 
Development of the digestion technique was performed on zooplankton collected as part of the 
long-term time series at a research station located in the English Channel (station L4), located 12 km 
south of Plymouth, UK (50°15′N, 04°13′W; Figure 5.2; www.westernchannelobservatory.org.uk). 
Horizontal, sub-surface tows using 200 µm and 500 µm plankton nets were used to collect 
zooplankton throughout August and September 2013. These biota-rich samples were transferred to 
clean, insulated containers, and transported to Plymouth Marine Laboratory (PML) within two hours 
of trawling.  
 
Sample preparation 
Zooplankton samples were passed through 200 µm meshes, and retained material was flushed with 
purified water (Milli-Q) to remove salt. Any macrozooplankton or large items of debris were rinsed 
thoroughly and then removed from the sample. Meshes were folded and sealed, and then oven-
dried at 60°C for >24 hours to both preserve samples and enhance the efficacy of grinding up the 
biological material in later steps. Desiccated samples were carefully ground with a pestle and mortar 
to increase the surface area of the biological material present. For method development and 
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optimisation, desiccated samples were pooled and 0.20 g DW sub-samples weighed out and then 
carefully transferred into digestion vessels.  
 
 
Figure 5.2. Map displaying the two marine sampling sites used in this study. Trawling was conducted in the 
western English Channel. Map created using a Google Maps overlay: Imagery ©2014 TerraMetrics; Map data 
©2014 Google.  
 
Mitigating contamination 
As microplastics may be airborne, present in clothing or adhered to laboratory equipment, we 
undertook a number of steps to prevent sample contamination. All apparatus were acid-washed 
and/or rinsed thoroughly with Milli-Q prior to use, while consumables were used directly from 
packaging. Sample preparation was conducted within a sterile algal-culturing unit. Samples and 
equipment were covered wherever possible to minimise periods of exposure. Personal protective 
equipment was worn at all times. Procedural blanks (absent of biological material or microplastics) 
were run in parallel with samples containing desiccated plankton, microplastics or trawled material. 
To demonstrate the efficacy of our preventive measures, procedural blanks were poured through 
mesh filters (per the methods below) and retained material analysed under a digital light microscope 
(Olympus SZX16) to check for contamination.  
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Acid and alkaline digestion 
To compare the efficacy of acid or alkaline hydrolysis in digesting marine zooplankton, we used 
hydrochloric acid (HCl) or sodium hydroxide (NaOH) treatments. In brief: 20 mL of 1M HCl, 2M HCl, 
1M NaOH or 2M NaOH (n = 3 per treatment) were added to glass flasks containing the sub-samples 
and maintained at room temperature for 24 h. We further trialled 5M and 10M NaOH at room 
temperature for 48 h, and 1M and 10M NaOH at 60°C for 24 h (n = 3 per treatment). The optimised 
alkaline protocol required 40 mL of 10M NaOH per 0.2 g dry weight (DW) sample, maintained at 
60°C for 24 h. Prior to analysis, samples were neutralised using HCl or NaOH as required. 
 
Enzymatic digestion 
The enzymatic digestion protocol developed by Lindeque and Smerdon (2003), was adapted to use 
500 µg mL-1 of Proteinase-K per 0.2 g DW sample, within universal tubes (n = 3). To maximise 
digestion efficacy and avoid contamination, desiccated samples were transferred into 50 mL acid-
washed, screw-top glass containers with 15 mL homogenising solution (400 mM Tris-HCl buffer, 60 
mM EDTA, 105 mM NaCl, 1% SDS). Samples were physically homogenised by drawing and expelling 
the mixture through a 19G needle attached to a 10 mL syringe, making sure to thoroughly rinse the 
insides of the needle and syringe with homogenising solution to avoid loss of material. Samples were 
incubated at 50°C for 15 minutes, and then 500 µg mL-1 of Proteinase-K added before incubating the 
samples at 50°C for a further two hours. Next, 5M sodium perchlorate (NaClO4) was added and 
samples shaken at room temperature for >20 minutes. Solutions were physically homogenised a 
second time using a finer 21G needle, and then incubated at 60°C for 20 minutes.  
 
Ultrasonication 
We employed two ultrasonication techniques to assist in the breakdown of digested samples: (a) the 
5M and 10M NaOH digestions were placed in an ultrasonication bath for 10 minutes; (b) a sonication 
probe was used to directly sonicate samples that had undergone alkaline (1M NaOH, 60°C and 10M 
NaOH, 60°C) and enzymatic (Proteinase-K, 50°C, 2h) digestion. With both methods, samples were 
ultrasonicated on ice to prevent excess heat. 
 
Digestion efficacies 
Post-digestion (and ultrasonication, where applicable) samples were vacuum-filtered onto pre-
weighed 50 µm mesh-filters. Retained biological material was flushed copiously with Milli-Q, and 
then filters removed, covered and oven-dried at 60°C. Following desiccation, filters were weighed 
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and digestion efficacies calculated by comparing the relative removal of organic mass during the 
digestion. In a follow-up experiment, we compared the use of 50 µm, 20 µm and 0.02 µm filters (n = 
3 per filter size) following a series of optimised enzymatic digestions. 
 
Microplastics 
Five types of microplastic, varying by polymer, shape, size and colour, and representative of the 
array of microscopic plastic debris present in marine ecosystems, were sourced for method 
validation: (a) white expanded polystyrene spheres (1.5–3.0 mm in diameter) were accrued from 
packaging material; (b) yellow-green Nylon monofilament fishing line (400 µm diameter) was cut 
into 1 mm lengths; (c) black polyester fibres (10–30 µm diameter, with lengths of 0.75–1.5 mm) 
were individually plucked from a 100% polyester garment; (d) 100 mL of a domestic personal care 
product was mixed with 1 L of Milli-Q, and then filtered through a 50 µm mesh to retain a 
combination of black and white polyethylene fragments (60–500 µm diameter); (e) lastly, we 
purchased white unplasticised polyvinylchloride (uPVC) granules (60–120 µm diameter; 
Goodfellows). Microplastics were measured using a microscope (Olympus SZX16; x16–62 
magnification) fitted with an eye-piece graticule or cellSens software (Olympus). The constituent 
polymers of the microplastics were confirmed using Fourier transform infrared spectroscopy (FT-IR; 
Bruker Hyperion FT-IR microscope) in conjunction with a reference database (Thompson et al., 
2004). 
 
Impact of optimised digestion protocols on microplastics 
Optimised alkaline and enzymatic digestion protocols were applied directly to each of the five 
selected microplastics. Following the prescribed method, microplastics were retained on 50 µm 
mesh-filters, rinsed with Milli-Q and then oven-dried. Microplastics were weighed (uPVC granules, 
polyethylene fragments) or counted (polystyrene spheres, Nylon fibres, polyester fibres), and 
subsequently checked for damage under a microscope.  
 
Validation of the enzymatic digestion with in-situ microplastic debris 
We applied the optimised enzymatic digestion method to replicate trawl samples from two sites in 
the western English Channel (Figure 5.2). Sampling was conducted in mid-October 2013 using two 
200 µm-aperture WP2 nets towed in parallel for approximately 500 m (SI Table 5.1). The volume of 
water filtered (V) was calculated by considering the radius of the net aperture (r) and length of tow 
(L) as confirmed via GPS, and applying a 95% filtering efficiency specific to 200 µm WP2 nets 
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(Skjoldal et al., 2013): V = (πr2) x L x 0.95. Samples were transported, filtered, rinsed, desiccated and 
ground as previously described (see Sample preparation), without pooling material, and then the 
optimised enzymatic digestion protocol applied to each sample. To compensate for the greater 
amount of biological material undergoing digestion (0.60–0.96 g DW), the volume of homogenising 
solution, Proteinase-K and sodium perchlorate was increased. Further, the undigested material 
present in each sample was split between three 50 µm mesh-filters to prevent clogging and to more 
easily identify any microplastics present. Filters were analysed under a digital light microscope 
(Olympus SZX16) and suspected microplastics (assessed by colour, uniformity of material and shape 
(Norén, 2007)) were isolated, classified, measured and subsequently analysed using FT-IR to 
determine their polymer.  
 
Detecting microplastics ingested by copepods 
The optimised enzymatic digestion protocol was further considered as a technique for detecting 
microplastics ingested by marine organisms. Specimens of the marine copepod Temora longicornis 
were isolated from a zooplankton trawl, and then three individuals (n = 5) placed in a Petri dish 
containing 20 mL of filtered seawater containing fluorescent polystyrene beads (100 microplastics 
mL-1) overnight at ambient sea surface temperature. Post-exposure, specimens were retained on a 
mesh filter, preserved using 4% formalin and rinsed thoroughly with Milli-Q. Copepods were 
visualised under a microscope (fitted with fluorescence) to quantify the number of specimens that 
had ingested the polystyrene beads and it was confirmed that no external microplastics were 
present. T. longicornis were enzymatically digested per the standardised protocol, using smaller 
volumes of homogenising solution, Proteinase-K and sodium perchlorate owing to the smaller mass 
of biological material being digested. Digested extract was filtered onto a 0.2 µm glass fibre filter 
(GF/F) and residue visualised under a microscope to enumerate and photograph the microplastics 
that had been previously internalised by the copepods.  
  
Statistics 
Data is presented as mean ± SEM. A student’s t-test (Microsoft Excel: two-tailed t-test) and one-way 
ANOVA with Tukey post-hoc analysis (Minitab) were used to compare the digestion efficacies of 
different treatments, with statistical significance attributed where P < 0.05. 
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Results 
 
Mitigating contamination 
Procedural blanks used during method development highlighted potential sources of contamination, 
including residue from aluminium foil lids used during the 60°C NaOH exposure, and plastic shavings 
following physical homogenisation of samples within universal tubes. These sources of error were 
subsequently eliminated. Following method optimisation, the microscopic analysis of filters retained 
from procedural blanks showed no evidence of microplastic contamination.  
 
 
Figure 5.3. Digestion efficacy (%) – determined by weight – of acid/HCl [white], alkaline/NaOH [light grey] 
and enzymatic/Proteinase-K [dark grey] protocols applied to natural plankton samples: (a) comparison of 
initial and optimised digestion protocols; (b) comparison of optimised digestion protocols before and after 
ultrasonication [patterned]. Data represents mean ± SEM (n = 3 per treatment; n = 4 with optimised 
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Proteinase-K treatment). Letters denote significant difference between treatments (ANOVA with Tukey 
post-hoc analysis, P < 0.05).  
 
Digestion efficacies 
The digestion efficacies of the treatments ranged from 54.0 to 97.7% (Figure 5.3). The least effective 
treatment was hydrochloric acid, with 1M HCl (Figure 5.3a) and 2M HCl (data not shown) resulting in 
digestion efficacies of 82.6 ± 3.7% and 72.1 ± 9.2% respectively. Comparatively, 1M NaOH (Figure 
5.3a) and 2M NaOH (data not shown) digested the samples by 90.0 ± 2.9% and 85.0 ± 5.0% 
respectively. The optimised alkaline digestion protocol (10M NaOH at 60°C) had a digestion efficacy 
of 91.3 ± 0.4% (Figure 5.1b; Figure 5.3a). Application of the original enzymatic protocol resulted in a 
digestion efficacy of 88.9 ± 1.5%, while, the optimised Proteinase-K treatment digested >97% of the 
samples and was significantly more effective than other treatments (Figure 1c; Figure 3a; ANOVA 
with Tukey post-hoc analysis, P < 0.05).  
 
Ultrasonication 
Post-digestive ultrasonication was equally or less effective than using digestive treatments alone 
(Figure 5.3b). Use of an ultrasonication bath on 5M and 10M NaOH digested samples resulted in 
digestion efficacies of 90.9 ± 2.3% and 87.3 ± 1.0% respectively (Figure 5.3b). With samples digested 
using 10M NaOH at 60°C, direct sonication increased digestion efficacy by just 0.3% (Figure 5.3b). 
Meanwhile, with enzymatically digested samples, direct sonication proved significantly less effective 
than using Proteinase-K alone (Figure 5.3b; t-test, P < 0.05).  
 
Filtering 
Visually, the optimised alkaline (Figure 5.1b) and enzymatic (Figure 5.1c) protocols were effective in 
reducing the biological material present within the marine samples. With both treatments, the 
undigested residue consisted of a thin, transparent film of glutinous biological material, in which 
microplastics (Figure 5.4) and small fragments of shell, wood and carapace were clearly visible. In 
comparing filters following optimised enzymatic digestion, we found 0.02 µm GF/Fs clogged quickly 
and were therefore inappropriate for this task; while 50 µm mesh-filters had the fastest filtration 
rates, 20 µm mesh-filters will theoretically capture smaller microplastics without significantly 
impacting upon digestion efficacy (50 µm filter: 97.3%; 20 µm filter: 97.1%; t-test, P = 0.67). 
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Figure 5.4. An array of microplastic litter – varying by shape, size, colour and polymer – was revealed by 
enzymatically digesting the biological material present within marine samples taken in the western English 
Channel: (a) a 140 µm diameter polyamide yellow-orange bead, (b) a 790 µm diameter grey-green 
polyethylene fragment, and (c) a 160 µm long blue uPVC fibre. 
 
Impact of optimised digestion protocols on microplastics 
The optimised enzymatic protocol showed no visible impact on any of the microplastics undergoing 
treatment (Figure 5.5). Conversely, the optimised alkaline treatment resulted in the partial 
destruction of Nylon fibres, melding of polyethylene fragments, and a yellowing of uPVC granules 
(Figure 5.5); further, several polyester fibres were lost in applying this protocol.  
 
Validation of the enzymatic digestion with in-situ microplastic debris 
In all, 162 suspected plastics were isolated in four trawl samples taken in the western English 
Channel, of which 96% were classified as ‘microplastic’ (Figure 5.6). Concentrations of suspected 
microplastics averaged 0.26 items m-3 at Penlee, and 0.31 items m-3 at L4 (SI Table 5.2). FT-IR analysis 
revealed the majority of this material was plastic, primarily consisting of polyamide (e.g. Nylon) or 
polypropylene (Figure 6b). Notably, two of these 40 (5%) items were identified as leather (data not 
shown). The majority of the isolated micro-debris was fibrous (61%; Figure 5.6a), with widths varying 
between 6 and 175 µm and lengths >250 µm (Figure 5.6c). Non-fibrous microplastics, including 
granular or planar fragments (36%) and beads (3%), were predominantly <250 µm in diameter 
(Figure 5.6d). Fibres were most commonly found to be black, blue or red (Figure 5.6e), while non-
fibrous plastics had a more even spread of colours (Figure 5.6f).  
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Figure 5.5. Microplastics photographed before and after enzymatic and alkaline digestion. Alkaline 
hydrolysis resulted in structural damage to Nylon fibres, melding of polyethylene fragments and 
discoloration to uPVC granules. Magnification: polystyrene spheres x40; Nylon line x20; polyester fibre x63; 
polyethylene granules x200; uPVC powder x160.  
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Figure 5.6. Plastic litter extracted from two western English Channel sites varied by form, polymer, size and 
colour: (a) suspect debris was categorised as microplastic fibre, fragment or bead, or macroplastic (>5 mm) 
(n = 162); (b) FT-IR analysis was used to determine the constituent polymer of a sub-sample (n = 40) of the 
suspected microplastic litter (note: 3 of these items were categorised as non-plastic, excluded from figure); 
sizing was conducted by either measuring (c) the length of a sub-sample of fibres (n = 67), or (d) the widest 
diameter of a sub-sample of non-fibrous plastic litter present (n = 50); colour was categorised for both (e) 
fibrous (n = 97), and (f) non-fibrous litter (n = 62) present. 
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Detecting microplastics ingested by copepods 
Microplastics were ingested by 11 of the 18 (77%) T. longicornis; fluorescent beads were clearly 
visible in the hindgut, but obscured by the opaque, pigmented carapace when in the mid-gut (Figure 
7a). The enzymatic protocol digested the copepod tissue and the microplastics were retained on a 
GF/F (Figure 5.7b). With fluorescence enabled, microplastics were successfully enumerated, 
indicating an average load of 10.7 ± 2.5 beads per copepod (at the point at which the experiment 
was terminated) (SI Table 5.3).  
 
 
Figure 5.7. Microplastics ingested by zooplankton can be quantified after enzymatic digestion of the 
specimens: (a) 20 µm diameter fluorescent polystyrene microplastics internalised by the pigmented calanoid 
copepod Temora longicornis; (b) following enzymatic digestion the biological tissue was mineralised, 
releasing the fluorescent microplastics, which were then retained on a glass fibre filter. 
 
Discussion 
Here, we have optimised an enzymatic digestion protocol capable of mineralising marine 
zooplankton without causing damage to microplastics. This rapid and efficient method proved 
capable of digesting >97% of the material present within sub-surface marine samples, allowing the 
microplastic litter present to be isolated with ease. The protocol showed low risk of external 
contamination and was proven applicable to entire trawl samples taken from a site with high 
biological productivity. Furthermore, the protocol proved successful in releasing microplastics 
ingested by zooplankton, highlighting the method’s potential application for detecting whether 
marine organisms are ingesting microplastic debris in the wild. 
 
The ubiquity of microplastics in sea-surface, water column and sediment samples from across the 
globe has highlighted the prevalence of this contaminant within our oceans (Browne et al., 2011; 
Thompson et al., 2004). Microplastics can be ingested by a range of marine biota, including shellfish 
and fish fit for human consumption (Browne et al., 2008; Lusher et al., 2012), and can result in 
adverse health impacts to these organisms (Cole et al., 2011). As such, national, regional and global 
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bodies now widely consider microplastics to be a marine pollutant. In the EU, the MSFD (Descriptor 
10.1.3: Marine Litter) requires that trends in microplastic abundance and distribution be monitored 
within European waters (Zampoukas et al., 2012). While microplastic pollution in oceanic gyres 
(Doyle et al., 2011; Goldstein et al., 2013; Law et al., 2010; Moore et al., 2001) and coastal sediments 
(Browne et al., 2011; Claessens et al., 2011) has been well reported in recent years, there has been 
limited focus on microplastics in near-shore waters. Coastlines are prone to fresh inputs of 
anthropogenic litter from run-off, urban waterways and sewage outfall (Moore, 2008; Thompson, 
2006) but are also highly productive marine habitats. As microplastics pose a major threat to marine 
biota, providing data on bioavailable microplastics in coastal waters is of growing importance. 
 
Traditionally, acid digestion might be used to remove biological material, such as plankton, present 
in marine samples (e.g. for analysis of trace metals); this method typically uses strong mineral acids 
(e.g. H2SO4, HNO3), either in open or closed systems in conjunction with high temperature and 
pressure, which can oxidise compounds, causing molecular cleavage (Nakashima et al., 1988). 
However, these oxidising acids can also destroy or damage polymers with a low pH tolerance (e.g. 
polyamide, polystyrene) (Claessens et al., 2013), thus the application of acid digestion in the analysis 
of microplastics is limited. As an alternative, we used low concentrations of the non-oxidising, 
mineral acid HCl at room temperature. In digesting plankton, HCl proved inconsistent and inefficient, 
with large quantities of material remaining on the filters post-digestion. A viable alternative is 
alkaline hydrolysis, in which strong bases (e.g. NaOH, KOH) are used to denature proteins and 
hydrolyse compounds (Jin et al., 2009). Use of 1M NaOH at room temperature proved 90% effective 
in digesting 0.2 g DW marine samples; by increasing molarity and experimental temperature, 
digestion efficacies were both increased and stabilised. The procedural blanks used with this 
protocol showed that aluminium foil lids (used to prevent airborne contamination) were 
degenerating from the high pH with higher temperature incubations, and as such were soiling the 
samples; this issue was rectified by replacing the aluminium lids with glass caps. Recently Nuelle et 
al. (2014) have demonstrated that hydrogen peroxide (H2O2) is a more effective agent for removing 
biogenic material from sediment samples than HCl or NaOH. However, use of 35% H2O2 over a 
relatively long exposure period of seven days resulted in the complete removal of just 25% of the 
biological material (<1 mm) present. Remaining biogenic material was bleached, an issue which the 
authors note may interfere with the isolation of microplastics from the samples. 
 
Ultrasonication can be used to disintegrate, fragment or solubilise solutes by using high-frequency 
sound waves to cavitate media, creating high sheer forces (Law et al., 2010). In the preparation of 
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sewage sludge, Jin et al. (2009) found that using a combination of alkaline hydrolysis and 
ultrasonication increased digestion efficacy by an average of 7.7% compared with using alkaline 
hydrolysis or ultrasonication alone. However, our data showed that neither the use of an 
ultrasonication bath or probe was any more effective than using NaOH alone. While the optimised 
alkaline digestion method was suitable for digesting plankton, it also proved damaging to 
microplastics: exposed to 10M NaOH at 60°C, three of the five polymers (Nylon, polyethylene and 
uPVC) were damaged or discoloured. When applied to marine samples, use of alkaline hydrolysis 
could therefore result in an under-representation of pH-sensitive polymers or miscataloging of 
microplastic by colour, and as such cannot be recommended for this purpose. Similarly, while many 
plastics are resistant to hydrogen peroxide, Nuelle et al. (2014) recently demonstrated that 35% 
H2O2 can result in significant (15.9–17.2%) size losses in exposed polyethylene and polypropylene 
microplastics.  
 
The proteolytic enzyme Proteinase-K has previously been used to extract DNA from zooplankton 
specimens prior to molecular analysis (Lindeque and Smerdon, 2003). In using this protocol we 
attained a digestion efficacy of 88%, which was increased to >97% by increasing the concentration of 
Proteinase-K used, raising the active temperature to 50°C and prolonging the incubation period. Use 
of procedural blanks highlighted that by physically homogenising our samples within plastic universal 
tubes we were introducing plastic shavings to the sample, which was rectified by switching to acid-
washed glass containers. Undigested material consisted of fragments of shell, carapace, wood and 
anthropogenic litter embedded within a thin film of a clear, glutinous biological material. Although 
this biological material was not further analysed, we hypothesise it consisted of chitin, an insoluble, 
polysaccharide-based biopolymer present in zooplankton carapaces (Cottrell et al., 1999). 
Microplastic litter within the samples could be identified and extracted from this film without issue. 
However, if this chitin were problematic in future applications of this protocol then the enzyme 
chitinase could be applied to break down this residue. Bermejo et al. (2004) demonstrated that 
proportionate ultrasonication increases the specific activity of enzymes in solution. However, in 
ultrasonicating our enzymatically digested marine samples, we noted a substantial decrease in 
digestion efficacy compared with using enzymatic digestion alone. This likely resulted from the 
formation of protein precipitates within the digestion media, formed as a by-product of intense 
cavitation (Stathopulos et al., 2004), which were then unable to pass through the mesh filters post-
treatment. In contrast with the acid and alkaline digestion, enzymatic digestion is conducted at a 
neutral pH and moderate temperature and has biological specificity (Bermejo et al., 2004). It was 
therefore of little surprise that the enzymatic protocol had no discernible effect on any of the five 
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microplastics exposed. We would therefore consider enzymatic digestion to be highly applicable in 
removing biological material from biota-rich marine samples to elucidate microplastic pollution.  
 
The optimised enzymatic protocol was trialled on whole-trawl samples collected from the western 
English Channel, and revealed 0.30 items of anthropogenic debris m-3. FT-IR analysis revealed that 
while the majority of suspected plastics consisted of a synthetic polymer, 5% of these items were 
made of leather. In extrapolating this data, and by defining a microplastic as <5 mm diameter, we 
identified an average of 0.27 items of microplastics debris m-3 in the western English Channel trawls. 
This value is consistent with the broad range of concentrations (0.014–12.51 items m-3) observed in 
similar studies conducted across the globe (Hidalgo-Ruz et al., 2012). By using finer, 200 µm nets in 
combination with enzymatic digestion, we successfully identified 27 fibres, fragments and beads 25–
250 µm in size across our four sub-surface trawls. Data relating to microplastics within this size range 
is scant. Only two of 33 studies investigating pelagic microplastics used nets finer than 300µm 
aperture (Hidalgo-Ruz et al., 2012). Yet it is microplastics of this size that can be ingested by 
zooplankton and benthic invertebrates, resulting in reduced feeding rates and declining energetic 
reserves (Cole et al., 2013; Wright et al., 2013a). Lusher et al. (2012) recently identified that 36.5% of 
544 pelagic fish sampled at study site L4 in the English channel (described above) contained 
microplastics (comparable in size to those found within our samples) within their intestinal tracts. 
Within our samples, polyamides (e.g. Nylon) and polyethylene were some of the most commonly 
noted polymers; these pH-sensitive polymers may have been destroyed if acid (Claessens et al., 
2013), alkaline or hydrogen peroxide (Nuelle et al., 2014) were used on the samples, whereas they 
survived enzymatic digestion. It would be presumptuous to draw further conclusions from these trial 
samples alone. Nevertheless, based on our findings we can recommend enzymatic protocols to 
detect microplastics in plankton samples in future studies. 
 
The smallest microplastics identified in our sample were brightly coloured fragments 25 µm in 
diameter. Microplastics of this size may be retained on wider aperture mesh filters and nets when 
they become clogged, although it is also possible that plastic litter of this size might have been 
internalised by zooplankton present within the sample. However, we cannot rule out the possibility 
that desiccating and grinding samples using a pestle and mortar may result in thermal and abrasive 
degradation of larger microplastics within the sample. This concern could be mitigated by using 
alternate preservation techniques (e.g. formalin, ethanol) and avoiding physical grinding, however, 
the efficacy of enzymatic digestion may be diminished where preservatives have been applied and 
the available surface area of the biological material has not been optimised. The range of colours 
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identified suggest bleaching of plastics was not an issue, and stands as further proof that enzymatic 
digestion has minimal effects on plastics. Despite the commonality of white or clear plastics used in 
packaging, fishing line, clothing, personal care products and other plastic products, we did not 
isolate any uncoloured microplastics <250 µm in our samples. Furthermore, in considering shape, 
the majority of plastic litter identified in our sample (and in sediment and water column samples 
from around the world) were fibrous (Hidalgo-Ruz et al., 2012). While such trends may be 
representative of the microplastics present in the marine environment, it is also important to 
consider that there may be a strong operator selection bias towards fibrous and brightly coloured 
microplastics owing to the relative ease of their identification.  
 
The enzymatic digestion protocol was also successfully used to reveal fluorescent polystyrene beads 
ingested by a marine copepod. Previously, Claessens et al. (2013) trialled using nitric acid digestion 
to detect microplastics ingested by mussels, but found that both Nylon and polyethylene could not 
survive this harsh, oxidising treatment. As enzymatic digestion is biologically specific, it is able to 
digest tissue without damaging plastics, and therefore proved highly applicable in this study. 
Fluorescent beads retained on the filter were enumerated with ease. While we anticipate that this 
protocol would be ideal for digesting field-collected zooplankton (and perhaps larger marine 
organisms) to look for evidence of microplastic ingestion, better techniques for visualising and/or 
identifying very small non-fluorescent microplastics are still required.  
 
Conclusion 
We have developed a rapid method in which a proteolytic enzyme treatment can be applied to 
marine samples to digest away biological material without damaging any microplastics present. As 
research shifts from oligotrophic gyres to biologically rich coastal systems, it is hoped that this 
enzymatic protocol can be widely applied to better identify microplastics within these vulnerable 
ecosystems. By using this method in conjunction with finer sampling nets, data gaps relating to the 
concentration of microplastics <300 µm can be addressed. The enzymatic protocol has also been 
shown as an apt technique for identifying microplastics internalised by marine zooplankton. Further 
work is now required to trial the technique on field-collected specimens and to develop means of 
better visualising very small, ingested microplastics.  
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Supplementary Information 
 
SI Table 5.1. Sampling conditions for western English Channel. 
 
L4 Penlee 
Date 14.10.13 14.10.13 
Time 10:30 11:00 
Start 50°14’99’N 04°13’17’W 50°17’90’N 04°11’32’W 
Finish 50°15’20’N 04°13’41’W 50°18’24’N 04°11’15’W 
Distance (km) 0.48 0.66 
Beaufort 2 2 
Swell (ft) 1–2 1–2 
Wind speed (knots) 13 13 
Wind direction NW NW 
Tide [Ebb or Flood] Flood Flood 
Tide [Low or High] Low Low 
 
SI Table 5.2. Debris identified from replicate 500 m horizontal trawls, using 200 µm plankton nets, at two 
sites in the western English Channel.  
  
L4 Penlee Control 
  
Trawl A Trawl B Trawl A Trawl B Blank A Blank B 
Microplastic (<5 mm) 
Beads 0 4 1 0 0 0 
Fragments 14 11 12 18 0 0 
Fibres 17 26 25 25 0 0 
Total 31 41 40 43 0 0 
Macroplastics (>5 mm) 
 
4 0 3 0 0 0 
Volume filtered (m
3
) 116.4 116.4 160 160 N/A N/A 
Debris concentration (items m
-3
) 0.27 0.3 0.35 0.27 N/A N/A 
Microplastic concentration (items m
-3
)* 0.25 0.33 0.24 0.26 N/A N/A 
* assuming 95% of suspected microplastics are synthetic polymers 
 
SI Table 5.3. Microplastic ingestion by the copepod Temora longicornis.  
Replicate A B C D E 
Number of individuals (maximum: 3) showing microplastic ingestion  3 2 2 1 3 
Number of microplastics identified following enzymatic digestion 44 20 48 9 39 
Average number of microplastics ingested per copepod 14.7 6.7 16.0 3.0 13.0 
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Chapter Six: 
Discussion 
 
In recent years there has been a rising interest in microplastic debris and its impacts on aquatic life 
(Ivar do Sul and Costa, 2014). In reviewing the existing literature during the early stages of my PhD, it 
was evident that microplastic debris is an abundant and widespread pollutant of marine waters 
across the globe (Cole et al., 2011). It has since been documented that microplastics are also prolific 
in freshwater systems (Eriksen et al., 2013). Data ascertained from field studies suggest microplastics 
are spatially heterogeneous, owing to local and global currents, weather events, riverine inputs, 
proximity to shipping lanes, and the depth of water column sampled (Goldstein et al., 2013; Hidalgo-
Ruz et al., 2012; Law et al., 2010). However, determining spatial patterns and temporal trends in 
microplastic abundance is complicated by both the range of sampling strategies employed (Hidalgo-
Ruz et al., 2012) and a lack of consistency in microplastic nomenclature (Andrady, 2011). Further, the 
concentrations of <333 µm microplastics within marine waters are under-researched, largely owing 
to the difficulties in sampling, quantifying and accurately identifying microplastics of this minute size 
(Cole et al., 2014). Determining the abundance of these bioavailable microplastics is necessary for 
both marine monitoring (e.g. gauging good environmental status under the Marine Strategy 
Framework Directive (Galgani et al., 2010)) and laboratory studies, which aim to use 
‘environmentally relevant’ microplastic concentrations, and should therefore be considered a 
research priority. Plankton sampling has been noted as an apt method for efficiently collecting 
bioavailable waterborne microplastics, however, an abundance of organic material can mask the 
presence of any microplastics present (Frias et al., 2014). To isolate microplastics within biota-rich 
samples, I developed an enzymatic digestion protocol which rapidly mineralised biotic material 
without damaging or destroying any microplastic debris present; the protocol was further applicable 
to identifying uptake of microplastics by a marine copepod (Cole et al., 2014).  
 
A range of marine organisms, including seabirds (van Franeker et al., 2011), fish (Lusher et al., 2012), 
marine worms (Wright et al., 2013b) and bivalves (Browne et al., 2008), can ingest microplastics. 
Using microscopy and coherent anti-Stokes Raman scattering (CARS) microscopy, I identified a 
number of zooplankton taxa, common to the northeast Atlantic, demonstrate the capacity to ingest 
microplastics; I further identified that <5 µm microplastics can adhere to the appendages of exposed 
copepods, but found no evidence of translocation from the gut to other tissues (Cole et al., 2013). 
Since publication, other studies have confirmed that the benthic copepod Tigriopus japonicus (Lee et 
106 
 
al., 2013), sea urchin larvae (Kaposi et al., 2013), and a range of zooplankton common to the Baltic 
Sea (Setälä et al., 2014) can directly ingest microplastics. Zooplankton display a range of feeding 
strategies, but notably my experiments found only filter-feeding plankton routinely ingested 
microplastics. Filter feeding is considered an indiscriminate feeding strategy, whereby waterborne 
particulate is drawn towards the organism within a feeding current. Yet I identified that the copepod 
Calanus helgolandicus could shift the size of prey they ingested when exposed to microplastics, 
causing a reduction in ingested carbon biomass. This shift may result from attempts to reject 
microplastics, as demonstrated in the copepods Acartia clausi and Eurytemora affinis (Donaghay and 
Small, 1979; Powell and Berry, 1990). Notably, E. affinis did not reject plastic beads coated in 
bacteria, and it would be intriguing to investigate whether aged microplastics, which can develop 
microbial and algal biofilms (Lobelle and Cunliffe, 2011; Zettler et al., 2013), are handled differently 
by other marine zooplankton. Microplastics might also circumvent rejection if encapsulated within 
food: Setälä et al. (2014) identified that microplastics ingested by mesozooplankton can be 
trophically transferred to mysid shrimp, and I hypothesise that coprorphagous biota may consume 
microplastics egested by zooplankton within their faecal pellets.  
 
While the impacts of larger plastic litter on marine organisms have been well documented (Derraik, 
2002), the effects of microplastic debris on aquatic biota are under researched. Field-studies have 
identified that ocean foraging seabirds (van Franeker et al., 2011) and fish (Boerger et al., 2010; 
Davison and Asch, 2011; Lusher et al., 2012) can ingest a variety of microplastic debris, which the 
authors suggest might result in gut blockages and false feelings of satiation. To accurately determine 
health impacts, ecotoxicological laboratory studies are required. In mussels, Browne et al. (2008) 
identified that <9 µm microplastics can translocate into the circulatory fluid, and there is some 
evidence this can result in an immunological response (von Moos et al., 2012). In polychaete worms, 
Wright et al. (2013b) showed exposure to 5% PVC by weight resulted in declining energetic reserves 
and a reduction in bioturbation.  
 
My early results showed that >4000 microplastics mL-1 could result in reduced feeding in the 
copepod Centropages typicus (Cole et al., 2013). In later experiments I identified that the copepod C. 
helgolandicus ingested significantly less carbon biomass when exposed to <75 microplastics mL-1. I 
further identified that microplastic exposed C. helgolandicus suffered from reduced reproductive 
success and survival, although, no effects on respiration or egg production rates were observed. An 
approximated carbon budget for copepods suggests that reduced feeding resulting from prolonged 
microplastic exposure would result in energetic deficiencies. Lee et al. (2013) has similarly found 
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microplastics can reduce survival and fecundity in the benthic copepod T. japonicus, while Kaposi et 
al. (2013) identified the survival of sea urchin larvae exposed to microplastics was dose-dependent. 
My studies further indicate low-density microplastic reduce the structural integrity and sinking rates 
of copepod faecal pellets; this evidence suggests that microplastics may alter the contribution of 
zooplankton faecal pellets to marine nutrient flux.  
 
 
Figure 6.1. The interactions and impacts of microplastics upon copepods. Based upon the findings of my 
experimental studies, and the research of Lee et al. (2013)
1
 and Setälä et al. (2014)
2
. Dashed lines indicate a 
hypothesised, but yet untested, interaction.  
 
In combination, my PhD research serves to highlight the significant risk that microplastics pose to 
marine zooplankton. These impacts are summarised within a conceptual model of the interactions 
between microplastics and copepods (Figure 6.1). The model helps highlight the substantial 
contribution that my PhD research has made to this field of science. My work provided the first clear 
evidence that microplastics can be ingested by a range of marine zooplankton. Further, my research 
has demonstrated that microplastics can significantly reduce feeding in copepods, which can 
subsequently result in reduced reproductive success and survival. As zooplankton are fundamental 
to the marine food web and nutrient cycling, these impacts may have far-reaching consequences. 
For example, in studying the influence of microplastics on zooplankton faecal pellets, I was the first 
to highlight the negative influence microplastics might pose to marine biogeochemical cycling. A key 
limitation of these studies is that environmentally relevant concentrations of small (20 µm) 
microplastics are currently unknown. However, I am hopeful that my development of an enzymatic 
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digestion protocol will provide means for researchers in the field to better quantify bioavailable 
microplastics sampled using plankton nets.  
 
Table 6.1. Research questions stemming from my PhD research. 
1. What are environmentally relevant concentrations of microplastics? What impacts would 
environmentally relevant concentrations of plastic have on copepod feeding and health?  
2. Is coprophagy a viable route of microplastic transfer in marine food webs? Further, will the 
incorporation of microplastics within marine snow make microplastics available to discriminate 
feeders? 
3. What are the consequences of microplastic ingestion to meroplankton? Can bivalve larvae egest 
microplastics? Could microplastics impact upon settling or growth? What would the consequences 
be for juvenile copepods (nauplii and copepodites)? 
4. Do C. helgolandicus exhibit behavioural changes when exposed to polystyrene microplastics? 
Would this behaviour differ if exposed to aged microplastics or microplastics consisting of different 
polymers? How might this behaviour differ with non-plastic particulates?  
5. How would ingestion rates of algae vary if C. helgolandicus were exposed to smaller microplastics 
with larger algae, or microplastics in a mixed algal assemblage? Would reduced reproductive 
success and survival also occur if copepods were fed non-plastic particulates, or is this specific to 
microplastic? 
6. Can diminishing lipid content of microplastic exposed copepods be accurately gauged? Would the 
lipid structure alter with extended exposure? Could the impacts of this reduced lipid content be 
modelled for higher trophic organisms?  
7. Would the introduction of persistent organic pollutants to microplastics pose a risk to the 
copepods or accumulate within their lipids? What risks do aged microplastics, which adhere toxic 
diatoms, bacteria or waterborne pollutants, or leach additives, pose to copepods? 
 
While a number of research questions remain (Table 6.1), the existing evidence is clear: 
microplastics are readily bioavailable to zooplankton, and can cause both impaired health and 
potentially affect ecosystem wide processes. Viewed alongside the wider literature, it is evident that 
microplastic debris represents a considerable risk for aquatic ecosystems, and it is important that 
this pollutant is monitored closely, further research conducted, and its classification as a hazardous 
pollutant carefully considered (Rochman et al., 2013).   
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Appendix A: Magazine article 
 
Following the publication of my literature review, I was invited to write a populist article on 
microplastic debris for Marine Scientist, a quarterly journal that provides insight into marine issues. 
The article covers both the literature review, and alludes to my early experimental work.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
The article included within Appendix A is a copy of my published article: M Cole (2012). Small 
plastics, big problems? Marine Scientist. 39: 26-28.  
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Appendix B: Research dissemination  
 
I have disseminated my PhD research through peer-reviewed publication, presenting at international 
and domestic conferences, media and educational outreach: 
 
Peer-reviewed publications 
· M Cole et al. (2014). Isolation of microplastics in biota-rich seawater samples and marine 
organisms. Nature Scientific Reports. In press. 
· M Cole et al. (2013). Ingestion of microplastics by zooplankton. Environmental Science & 
Technology. 47: 6646–6655.  
· M Cole et al. (2011). Microplastics as contaminants in the marine environment: A review. 
Marine Pollution Bulletin. 62: 2588–2597.  
· M Cole et al. (submitted). Impact of microplastics on the feeding, fecundity and function of 
the copepod Calanus helgolandicus. 
· M Cole et al. (submitted). Microscopic plastic debris and zooplankton faecal pellets: 
implications for marine ecosystems 
 
Awards 
∙ (2014) Employed as associate research fellow following successful funding of NERC grant 
(co-applicant), considering microplastics as a threat to biological and ecological processes. 
∙ (2014) Funded £7000 as co-applicant on PML-UoE grant to conduct two months post-
doctoral work analysing microplastic debris in Gulf of Maine samples. 
∙ (2013) Drew up successful proposal to collaborate with an environmental NGO (‘The Rozalia 
Project’), leading to two weeks’ fieldwork on board a research vessel in the Gulf of Maine, 
USA. 
∙ (2013) PlyMSEF travel bursary of £250 to conduct fieldwork in Gulf of Maine. 
∙ (2012) Best oral presentation award at PlyMSEF conference. 
∙ (2012) SETAC student travel bursary of $500 to attend SETAC USA conference.  
∙ (2011) Funded £2000 by the UK’s Department of Energy and Climate Change (DECC) for a 
review of the existing literature relating to microplastic marine pollution. 
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Conferences 
· Micro2014 International workshop on fate and impact of microplastics in marine 
ecosystems. Brest, France (January 2014). 
· Impact of microplastics on feeding, function and fecundity in Calanus helgolandicus 
(Oral). 
· A novel approach to detect microplastics in biota-rich seawater samples (Poster). 
· Science under sail: On the hunt for microplastics in the Gulf of Maine (Poster). 
· Plymouth Marine Science Education Foundation (PlyMSEF) ‘Making Waves’ Conference. 
Plymouth, UK (December 2013). 
· Science under sail: On the hunt for microplastics in the Gulf of Maine (Poster). 
· International Council for the Exploration of the Seas (ICES) Annual Science Conference. 
Reykjavik, Iceland (September 2013). 
· Consequences of microplastic exposure to copepods (Oral). 
· Society of Ecotoxicology and Chemistry (SETAC) Europe Annual Conference. Glasgow, UK 
(May 2013). 
· Ingestion of microplastics by zooplankton (Poster). 
· Plymouth Marine Science Education Foundation (PlyMSEF) ‘Making Waves’ Conference. 
Plymouth, UK (December 2012). 
· Ingestion and impact of microplastics on zooplankton (Oral). 
· Society of Ecotoxicology and Chemistry (SETAC) America Annual Conference. Long Beach, 
USA (November 2012). 
· Ingestion and effects of microplastics on zooplankton (Oral). 
· Plymouth Marine Science Partnership (PMSP) Postgraduate Conference. Plymouth, UK 
(December 2011). 
· Ingestion and egestion of microplastics by zooplankton (Poster). 
 
Fieldwork 
∙ (2013) Collaborated with University of Exeter colleagues and the Rozalia Project, an 
American NGO focussed on clearing up marine plastic debris, to conduct novel fieldwork in 
the Gulf of Maine. The research was designed to trial the efficacy of using different neuston 
nets in collecting bioavailable microplastics (<333 µm). While it was not possible to analyse 
these samples within this PhD, the work did highlight the necessity of methods to isolate 
microplastic debris from plankton trawls.  
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Media 
∙ (2013–2014) Collaborated with a British documentary maker to film zooplankton ingesting 
microplastics. The footage has contributed to the creation of an educational outreach video 
supporting beach cleans, which is currently disseminating via social media. 
∙ (2013–2014) While conducting fieldwork in the Gulf of Maine, my university colleagues and I 
recorded audio-visual material. In August 2013 I edited together an outreach video 
concerning pelagic sampling, which was promoted via the Rozalia Project website. The 
footage is currently being drawn together to create educational material for UK 
schoolchildren by DigitalExplorer. 
∙ (2012–2013) Following publication of my literature review and research paper, I was 
interviewed by Planet Earth Online and international press about my microplastics research. 
∙ (2012) Wrote magazine article: “M Cole (2012). Microplastics: Small plastics, big problems? 
Marine Scientist. 39: 26–28.” 
 
Educational outreach and leadership 
∙ (2013–2014) Supervised MRes and BSc students researching microplastics. 
∙ (2011–2014) Organised, ran and presented workshops and talks for primary and secondary 
schools, and university environmental campaign groups. 
∙ (2013) Invited to lecture second-year BSc students at Plymouth University on plastic and 
microplastic debris. 
∙ (2013) Completed the ‘Learning to Teach in Higher Education’ (LTHE) one-day Stage 1 and 
six-week Stage 2 course, accredited by the Higher Education Academy.  
∙ (2012) Co-organised the PlyMSEF ‘Making Waves’ conference for postgraduate students. 
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